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„Das ist in meinen Augen gerade der große moralische Wert der naturwissenschaftlichen 

Ausbildung, daß wir lernen müssen, Ehrfurcht vor der Wahrheit zu haben, gleichgültig, ob sie 

mit unseren Wünschen oder vorgefaßten Meinungen übereinstimmt oder nicht“  

– Lise Meitner (1878 - 1968) 
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 Abbreviations and symbols 

 

∆G Gibbs energy 

∆H0 standard enthalpy 

∆Hads adsorption enthalpy 

ε ion interaction parameter 

γ activity coefficient 

A Debye-Hückel parameter  

a activity 

ACW artificial cement pore water 

B 1.5 √
��

���
, empirical constant 

c concentration 

cads amount of adsorbed substance 

CEC cationic exchange capacity 

ceq concentration or partial pressure of the non-adsorbed amount of a 

substance 

cim immobilised amount of a substance 

De diffusion coefficient 

HLW high-level nuclear waste 

HPLC high pressure liquid chromatography 

I ionic strength 

IAP ion activity product 

ICP-MS mass spectrometry with inductively coupled plasma 

K formation constant of separated ions from a solid 

Kd distribution coefficient 

KF Freundlich coefficient 

KH Henry coefficient 

KL Langmuir coefficient 

k velocity constant 

mu molality of the ion u 

n Freundlich exponent 

OPA Opalinus Clay 

PW Opalinus Clay reference pore water 
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Rd retention coefficient 

SI saturation index 

SIT specific ion interaction theory 

SP sodium perchlorate 

T temperature 

t1/2 half-life 

WC waste cocktail 

z ion charge 
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1. Abstract  

 

The safe storage of high-level nuclear waste in deep geological formations is nowadays a great 

task for humanity since the materials will be harmful for several hundreds of thousands of years. 

To ensure the safe storage, all relevant interactions between the radionuclides, the technical 

barriers, the construction material and the surrounding host rock have to be known. This work 

contributes to a long-term safety case for a potential repository in clay formations in northern 

Germany as a model region. The retention behaviour of Eu3+ and UO2
2+ on Opalinus Clay as 

reference host rock is investigated in 0.01 M NaOCl4 and 0.4 M reference Opalinus Clay pore 

water. In this experiments, the pH value (2-12), the temperature (25 and 60 °C) and the content 

of organic matter are varied. Furthermore, the adsorption of Cs+ on Calcigel as potential buffer 

and backfill material is determined in high saline solutions (0.1-5 M). This is also done in 

presence of other relevant elements (Eu3+, UO2
2+ and I-). For the latter, a new method to measure 

iodine under acidic conditions via mass spectrometry with inductively coupled plasma is 

developed. Therefore, iodide gets oxidised by NaOCl to iodate. Following this, it is possible to 

quantify the metals and iodide in one measurement. The adsorption of Cs+ on Calcigel takes 

place under all investigated conditions but decreases with increasing ionic strength. The 

experiments can also be simulated very well via ion exchange modelling. 

 

 

Heutzutage ist die sichere Lagerung von hochradioaktivem Abfall in tiefen geologischen 

Formationen eine der größten Herausforderungen für die Menschheit, da seine Radiotoxizität 

für mehrere hunderttausend Jahre bestehen bleibt. Um die sichere Lagerung zu gewährleisten 

müssen alle relevanten Wechselwirkungen zwischen den Radionukliden, den technischen 

Barrieren, dem Konstruktionsmaterial und dem Wirtsgestein bekannt sein. Diese Arbeit trägt 

zur Langzeitsicherheitsanalyse eines potentiellen Endlagers in Tongesteinsformationen in der 

Modellregion Norddeutschland bei. Der Rückhalt von Eu3+ und UO2
2+ an Opalinuston als 

Referenzwirtsgestein wird in 0,01 M NaOCl4 und 0,4 M Referenzporenwasser untersucht. In 

diesen Experimenten wird der pH-Wert (2-12), die Temperatur (25 und 60 °C) und der Gehalt 

an Organik variiert. Des Weiteren wird die Adsorption von Cs+ an Calcigel als potentiellem 

Buffer- und Verfüllmaterial in hochsalinen Lösungen (0,1-5 M) bestimmt. Dies wird auch in 

Anwesenheit anderer relevanter Elemente (Eu3+, UO2
2+ und I-) durchgeführt. Dafür wird eine 

Methode entwickelt, um Iod mittels Massenspektrometrie mit induktiv gekoppeltem Plasma im 



 

2 
 

sauren Milieu zu bestimmen. Diese Methode ermöglicht es, die Metalle und Iodid in einer 

Messung zu quantifizieren. Die Adsorption von Cs+ an Calcigel findet unter allen untersuchten 

Bedingungen statt, sinkt jedoch mit zunehmender Ionenstärke. Die Experimente können zudem 

sehr gut mittels Ionenaustauschmodellierungen simuliert werden.   
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2. General part 

2.1 Introduction  

 

In 1934, Enrico Fermi irradiated uranium atoms with neutrons (Fermi et al., 1934). Around four 

years later, on 17th December 1938, Otto Hahn and Fritz Straßmann showed, that the result of 

Fermi’s experiment were non-natural barium isotopes, amongst others (Hahn and Strassmann, 

1939). When Lise Meitner and Otto Frisch described the process theoretically in 1939, this was 

the hour of birth for the use of nuclear power both in civil and military way (Flügge, 1939; 

Meitner and Frisch, 1939a, 1939b; Reed, 2014).  

Since then, also a great task for humanity arose: the safe storage of nuclear waste, which radiates 

for many hundreds of thousands of years. The danger for humans and the environment comes 

not only from the radiotoxicity. Most of the substances are heavy metals and also chemotoxic 

(Duffield and Williams, 1986; Buchheim and Persson, 1992; Grivé et al., 2015). These toxic 

substances have to be stored in a place, where no interaction with the environment is possible 

and additionally safe from unauthorised access.  

Today, it is international consensus to store the high-level nuclear waste (HLW), which emits 

> 99% of the radioactivity contained in the whole radioactive waste (Röhlig et al., 2012), in 

deep geological formations such as salt rock, clay formations or granite bedrock. 

Owing to the very long half-lifes (t1/2) of some radionuclides, a long-term safety case for a HLW 

repository is absolutely necessary. For this purpose, a lot of laboratory experiments were and 

are done concerning the reversible and irreversible immobilisation of radionuclides or their 

homologues (Dickson and Glasser, 2000; Lee et al., 2006; Kautenburger and Beck, 2010; 

Hamed et al., 2019; Missana et al., 2019). For such experiments, which require the 

determination of many different elements at trace levels, mass spectrometry with inductively 

coupled plasma (ICP-MS) is a useful tool. Certainly, it is not feasible to anticipate every 

possible process or interaction concerning the HLW for the next million years. Therefore, the 

experiments were additionally simulated via computer programs to develop a model which 

enables a prognosis of the radionuclides’ and barriers’ behaviour under varying conditions 

(Seveque et al., 1992; Montes-H et al., 2005; Marty et al., 2010; Cao et al., 2019; Ma et al., 

2019).    

In the present work, adsorption experiments and their geochemical simulations are done as a 

contribution to the long-term safety case for a potential HLW disposal under conditions 

occurring in claystone in the model region northern Germany.  
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Raw Opalinus Clay (OPA) is studied as reference clay for a possible host rock. The retention 

behaviour of Eu3+ and UO2
2+ on OPA is described at room and elevated temperature T (60 °C), 

since HLW emits heat in the first hundreds of years. This is done in 0.01 NaClO4 as inert 

reference background electrolyte and OPA pore water (0.4 M). The salinity of clay pore waters 

in northern Germany is expected to be high saline (up to 5 M NaCl with additional high valent 

cations) (Klinge et al., 2002). Adsorption experiments are done in a wide pH range (2-12) with 

respect to different dissolution and precipitation effects of the OPA minerals and are also 

simulated by ion exchange modelling. The influence of humic acid and lactate as natural 

occurring, potential complexing agents on the retention behaviour of the two metals is also 

described.   

Calcigel, a raw Ca-bentonite, is investigated as potential buffer and backfill material in a HLW 

disposal. The adsorption of different Cs+ concentrations, as very mobile cation, on Calcigel in 

very high saline (0.1-5 M), NaCl based solutions is analysed by batch experiments as well as 

theoretically via ion exchange modelling. Adsorption experiments on pure Na-montmorillonite 

in comparison to Calcigel are also done. Hereby, the influence of the inhomogeneity of non-

threated Calcigel is tested.  

Furthermore, the development of new measurement applications is indispensable to investigate 

the phenomena concerning the long-time storage of HLW under realistic conditions. Here, a 

new method to quantify iodine via ICP-MS under acidic conditions is presented. It allows 

experiments with iodine or iodide in the presence of other, even high valent metal ions and a 

simultaneous quantification. This is highly time- and resource-saving compared to the alkaline 

iodine measurement techniques via ICP-MS known from the literature (Reid et al., 2008; Novo 

et al., 2019). High valent metals could precipitate under non-acidic conditions whereas iodine 

forms volatile compounds at pH < 7. So, every sample would have to be measured twice without 

the new method. Since the HLW will not be separated before the storage, the Cs+ adsorption on 

Calcigel is also investigated in the presence of other HLW relevant elements (Eu3+, UO2
2+ and 

I-) by using this method. The results are published in peer-reviewed scientific journals. 
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2.2 Final disposal problem 

2.2.1 Civilian use of nuclear power 

 

Since 1954, nuclear fission is used in power plants to produce energy and the first reactor could 

supply 5 MW (Petros’yants, 1964; Sinev et al., 1964). Today, this technology is applied 

worldwide and altogether more than 450 nuclear reactors are operating in power plants, with 

each of them generating an average power of around 900 MW. The most common reactor type 

is the pressurized water reactor (65% in numbers, 70% in supplied energy) (International 

Atomic Energy Agency, 2019) which is constructed with three separated water circuits. The 

first provides the cooling of the reactor core and transfers the heat originating from the core’s 

chain reaction to a steam generator, where water in the second circuit is evaporated and activates 

a turbine to generate power. The heat that cannot be used for power generation is carried off by 

the third circuit, the cooling water system (Lips, 2005).   

The huge advantage of nuclear power plants is the potential to produce a lot of electricity, 

whereas no exhaust emissions are produced, such as CO2. For many countries, the nuclear 

power is a high-performance source of energy in accordance with environmental protection. 

However, there are also two disadvantages. Therefore, some countries including Germany stop 

their generation of energy out of nuclear fission (Nohrstedt, 2008; Jahn and Korolczuk, 2012; 

Hayashi and Hughes, 2013).  

The first and perhaps most urgent disadvantage are serious accidents, which could happen and 

happened before, due to human or technical failure with disastrous consequences for humanity 

and the environment. On 28th March in 1979, the core of a reactor in Three Mile Island 

(Harrisburg, USA) melted partially leading to the release of a small amount of radioactive 

material (mainly Xe-133 and Kr-85) (Collier and Davies, 1980; Rogovin and Frampton Jr., 

1980; Bartlett et al., 1983; Marksberry et al., 2016). The worst accident in the context of nuclear 

energy so far happened on 26th April in 1984 in Chernobyl (Ukraine) where a reactor exploded. 

It released plenty of radioactive material in the earth atmosphere. A plume, loaded with 

radioactive isotopes, gathered over the complete northern hemisphere. As a consequence of 

this, the cancer rates increased significantly in some regions. A combination of human 

incompetence and a fatal construction failure of the reactor’s control rods was the reason for 

this disastrous accident. It led to the dead of assumed 4,000 - 93,000 people (official number: 

31, which died due to the blast or acute radiation exposure) and a 30-km exclusion zone around 

the reactor (~2,600 km2) for the next thousands of years (Joshi, 1987; Nichoison and 



 

6 
 

Hedgecock, 1991; Kazakov et al., 1992; Reponen et al., 1993; Molero et al., 1999; Nuclear 

Energy Agency, 2002; Williams, 2002). The latest incident was in 2011. A submarine 

earthquake (magnitude 9.0) caused a blackout in the region of Fukushima Daiichi. Due to this, 

the power plant’s reactors were shut down automatically and the emergency generators started 

to work. This ensured a permanent cooling of the reactor cores and the nuclear fuel in the spent 

fuel pit. Around one hour later, a tsunami hit the east coast of Japan, flooded the nuclear power 

plant and destroyed the emergency power supply. In the following, the cores of three reactors 

melted and several explosions and fires damaged the reactor buildings. These led to a release 

of radiant material into the atmosphere and (direct and indirect) into the sea (Nagatani et al., 

2013; Wada et al., 2013; International Atomic Energy Agency, 2015; Kubo et al., 2018).  

Beside this pervasive danger, there is another disadvantage of nuclear power plants and it is 

growing bigger, with every year the reactors are in operation: the radioactive waste. It originates 

not only from nuclear power plants, but also uranium mines, hospitals and some research 

institutions are generating radioactive waste. However, they produce it only in a small amount. 

Commonly, the waste is distinguished in three different types: low-, intermediate- and high-

level nuclear waste (International Atomic Energy Agency, 1981, 1994; Baisden and Choppin, 

2007). Low-level nuclear waste contains mainly contaminated materials such as shoe covers, 

clothing, syringes and other laboratory equipment which was in short contact with radiant 

material. Its activity is normally slightly higher than natural background activity and no heating 

is expected. Intermediate-level nuclear waste has a higher activity but still no generation of heat 

is expected. The most problematic waste are high-level radioactive materials such as non-spent 

fuel, fission products and radiated parts of reactor buildings. In Germany, these kinds of nuclear 

waste are nowadays also considered but they are classified in only two groups: negligible heat-

generating waste and heat-generating waste. The first includes low- and intermediate-level 

nuclear waste whereas the second category describes HLW (Nuclear Energy Agency, 2005, 

2016). Currently, the International Atomic Energy Agency proposes even six subclasses of 

nuclear waste, based on the half-life and activity content (International Atomic Energy Agency, 

2009). In agreement with the economic efficiency, these kinds of waste have to be stored 

separately with regard to variable safety requirements.  

Some research focuses on the transmutation of HLW. This means the separation and 

subsequently neutron irradiation of long-lived radionuclides. It is possible to shorten the 

necessary storage time of HLW around a hundred times with this procedure (Salvatores, 2005; 

Wallenius, 2019). Whether this procedure is feasible depends on the economic efficiency. A 

safe storage for the remaining several thousands of years is still needed. 
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The present work focuses on the long-term safety aspects of a HLW disposal in deep geological 

formations. 

 

 

2.2.2 Radioactive waste disposals in Germany 

 

Until 1996 when the United Nations ratified the London Protocol, it was almost common to 

dispose radioactive waste simply in a preferable easy way, by dumping it into the sea, in rivers 

or just burying it somewhere in the environment (Weißenburger, 1996; International Atomic 

Energy Agency, 1999; International Maritime Organization, 2006). Nowadays, it is 

international consensus to store at least the HLW in deep geological formations, to pretend 

humanity and the environment from the radioactive materials for the next hundreds of 

thousands of years.  

In Germany, the history of nuclear waste disposal is controversial and full of challenges, 

because the acceptance of the general public in almost every decision concerning this topic is 

very low. In the 1960s, a former salt mine in Morsleben was determined for the storage of low- 

and intermediate-level nuclear waste in East Germany (HLW could be restored to the USSR). 

Even before the license was accorded and structural measures were operated, the deposition of 

waste from Dresden began due to lack of space in the intermediate store. A long-term proof of 

safety was never adduced. Meanwhile the mine is in danger of collapsing because of the 

excessive mining and has to get stabilised. The actual consensus is to close the repository, while 

the 37,000 m³ of radioactive waste remain there (Bundesamt für Strahlenschutz, 2017a; 

Bundesgesellschaft für Endlagerung, 2019).  

Also in West Germany, the final repository should be in a salt stock. They are already stable 

since many million years and are able to creep and following this, to close small leakages. The 

former salt mine Asse was chosen as research mine to investigate technical aspects for a nuclear 

waste disposal in 1965. Six years later, this research mine was additionally used as repository 

for low- and intermediate-level waste, without completed long-term safety considerations. 

There are a lot of digging chambers very close to each other based on the extraordinary intensive 

lining in Asse. For this reason, the intermediate ceilings trend to break, leading to instability 

and water intrusions. Nowadays, Asse is going to be closed and the stored radioactive waste 

has to be removed and stored additionally in a HLW disposal, once it is constructed (Bundesamt 

für Strahlenschutz, 2017b). Simultaneously to the research in Asse, it was looked for a real 
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repository for every kind of nuclear waste. In 1979, Gorleben was chosen as experimental mine, 

although there were also other salt stocks supposed and almost no geoscientific investigations 

conducted. An interim storage was built but no nuclear waste was embedded in the deep salt 

stock. Today the interim storage Gorleben is still in operation, but the storage is interrupted, 

until a final decision for the safest place for a HLW disposal is made.  

Before, almost every decision in relation to Morsleben, Asse and Gorleben was made without 

respect to the general public, which explains the negative atmosphere coming up when the 

government is talking about final disposals for nuclear waste. Besides this, the Konrad mine, 

which was also investigated in the 1970s, applies as repository for negligible heat generating 

nuclear waste. Since 2007, there is a valid license to build and operate the former iron mine as 

repository for 303,000 m³ low- and intermediate-level nuclear waste (Bundesamt für 

Strahlenschutz, 2017c). In the context that there was no comparative site selection and several 

delays during the construction (so far, it will last until 2027) and consequently much higher 

costs, there are still some protests against the Konrad mine.  

Nevertheless, in 2013 the German government declared by law a restart concerning the search 

for a HLW disposal and additionally, they underlined that the waste must not be stored abroad 

(Standortauswahlgesetz, 2013). Until 2031, different geological formations (clay, salt rock and 

crystalline rock) in the whole country should be investigated as potential sites (Figure 1), without 

consideration of existing structures and former studies (“white map”). The complete process 

should be transparent and the concernings of the public should be listened. At the end of the 

process, the long-term safety of sites coming into question will have the first priority for the 

decision (Kommission Lagerung hoch radioaktiver Abfallstoffe, 2016).  

Studies have shown that the fissured crystalline rock formations in Germany seem to have a too 

high permeability to be considered as a suitable host rock (Bundesgesellschaft für 

Geowissenschaften und Rohstoffe, 2007). So, most of the actual host rock research focuses on 

salt rock or clay formations. In the context of this work, clay is treated as possible host rock.     
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Figure 1. Geological formations of potential host rocks for a high-level nuclear waste disposal in Germany (Link, 2018). 

 

 

2.2.3 Radioactive waste disposals in other countries 

 

Since 37 countries all over the world operate nuclear power plants (International Atomic Energy 

Agency, 2019), the search for a final disposal is not only a German problem. Whereas several 

low- and intermediate-level nuclear waste disposals are under construction or even operating, 

no repository for HLW exists worldwide. The first HLW disposal, Olkiluoto, is under 

construction in granite bedrock in Eurajoki, Finland (Miller and Marcos, 2007; Aaltonen et al., 

2016). The storage may begin in 2020.  

The plans of France and Switzerland to build their HLW repositories near the border to 

Germany are causing worries to the German general public. France is considered a nuclear 

country where the advantage of low-emission electricity weights higher than the worries about 

perturbations or the final storage of the nuclear waste. The French government even asked for 

communes which volunteered for research laboratories in geological formations in their region. 

One of these 30 volunteered communes is Bure in the department Meuse (around 120 km distant 
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from the German border). In 2012, the French government declared the clay formation near 

Bure as future intermediate- and HLW disposal (Kommission Lagerung hoch radioaktiver 

Abfallstoffe, 2016). Also in Switzerland, clay formations are considered as favourite host rock 

and regions in different cantons were investigated, but until now, no final decision concerning 

the location is made. 

Recently, the USA had to restart the research for a HLW disposal. In the 1980s, Yucca 

Mountain was chosen as appropriate storage location and every state, except Nevada where the 

formation is located, agreed. The geological formation in this area is volcanic tuff. In 2011 

president Obama stopped the research and development in this region, mainly due to doubts on 

the suitability of this material as host rock. One of the requirements for the final location is now 

the agreement of the concerned state and commune (Kommission Lagerung hoch radioaktiver 

Abfallstoffe, 2016).   

 

 

2.2.4 Waste Cocktail elements 

 

In the context of a HLW disposal, europium(III), caesium(I), uranium(VI) and iodide are chosen 

as representatives in this work for the element cocktail in spent fuel which has to be stored. A 

calculated composition of spent fuel is shown in Table 1.  

 

Table 1 Composition of spent nuclear fuel (Neles et al., 2008). 

Radionuclides Content [%] 

uranium-235 0.8 

uranium-236/237/238 91.8 

plutonium 1.2 

fission products and transuranic elements 6.2 

  

There are over 200 possible fission products of U-235 such as Sr-90, Zr-93, I-131 or Cs-137. 

Transuranic elements such as plutonium and americium can also arise from neutron capture of 

U-238 (Figure 2). The four representatives were investigated separate and in composition as the 

so-called waste cocktail (WC). 
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Figure 2. Genesis of americium and curium out of U-238. 
 

As main component of spent fuel, uranium has to be considered in every wide-ranging research 

concerning the chemical safety aspects of a disposal for HLW. Beside its comparatively low 

radiotoxicity, the chemical toxicity of uranium has to be taken into account. It is harmful to 

plants, animals and microorganisms with different effects (Gao et al., 2019). In animals and 

humans, it mainly deposits in bones, liver and kidney and can cause renal failure beside other 

harms (Pavlakis et al., 1996).  

In the present work, the initial uranium species is uranyl (UO2
2+). Naturally, uranium occurs 

only in oxygenic minerals, for example, uranitite (UO2), coffinite (U[(SiO4)(OH)4]) or carnotite 

(KUO2VO4•1.5H2O), including three different natural isotopes: U-234 (0.005%), U-235 

(0.72%) and U-238 (99.275%). Altogether, 26 isotopes of uranium are known (23 are fission 

products of transuranic elements). Most of them are α-emitters, this means they emit an He	

 -

particle and energy, transmuting into a thorium atom. The half-lifes range between a few 

microseconds and > 109 a. Four different oxidation states are known for uranium. Triple and 

fivefold charged uranium is not stable in aqueous solutions, whereas compounds with fourfold 

and sixfold charged uranium can exist in minerals and solutions (Holleman et al., 2007). 

Uranium chemistry is very complex, because there are a lot of known minerals containing 

uranium and in solution, it forms complexes with many other elements. In Figure 3, potential 

species of uranium in solution depending on pH value and background electrolyte are shown. 

Mainly, hydroxo and carbonate complexes are formed which can get neutralised by other ions 

in solution and also precipitate. In calcium containing solutions, the highly mobile, neutral 

complex Ca2UO2(CO3)3 is formed in the neutral pH range (Stewart et al., 2010). Especially, at 

pH 7.6 (shown in dashed lines in figure 3), the natural equilibrium pH value of Opalinus Clay 

pore water, Ca2UO2(CO3)3 is the dominant species in calcium containing electrolytes. This 

mobile complex plays a major role in safety considerations of HLW disposals because it is very 

hard to immobilise with methods based on retention via electrostatic interactions.  
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Figure 3. Calculated species distribution of uranyl in 0.1 M NaClO4

 (a) and 0.4 M Opalinus Clay pore water (b) with the 

equilibrium pH value 7.6 of Opalinus Clay pore water as dashed line (Joseph, 2013). 

 

Europium(III) is another component of the WC investigated in the present work. It is not only 

a fission product contained in the HLW, but it can also be considered as homologue of the three 

valent actinides such as americium or curium (Eisenbud et al., 1984; Krauskopf, 1986). These 

transuranic elements are chemical and radio toxic (Breitenstein Jr. and Palmer, 1989). In animal 

studies they were found to deposit in liver and skeleton. Long-time effects were cancers of liver, 

lung and bone (Taylor, 1989). Consequently, a release to the environment has to be urgently 

prevented. 

Due to their partial short half-life, transuranic elements are hard to study by themselves, 

especially with regard to the long-term behaviour. Since europium and americium are in the 

same column of the periodic system of elements, their electronic configuration and their 

chemical behaviour are very similar. As a consequence, the retention properties and reactivities 

of americium (and other actinides) can be estimated by studying europium. In solution, Eu(III) 

forms different species depended on the available anions. Under atmospheric conditions, 

Eu(III) mostly interacts with carbonate, which arises e.g. from atmospheric carbon dioxide or 

mineral dissolution (Figure 4a). In the absence of CO2, europium hydroxo complexes are the 

dominant species (Figure 4b). Both, carbonate as well as hydroxo complexes have low solubility 

products in water and are precipitative in slightly basic solutions (Holleman et al., 2007). 
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Figure 4. Speciation of Eu(III) in 0.1 M NaClO4 in presence (a) and absence (b) of CO2 (Plancque et al., 2003). 

 

As monovalent cation, Cs+ is also considered in the WC. The caesium isotopes Cs-135 

(t1/2 = 2.3•106 a) and Cs-137 (t1/2 = 30 a) are two of the major fission products of U-235. Both 

are β--emitters which means they emit an electron and an antineutrino resulting in the element 

with one atomic number higher while the atomic mass remains constant. In the special case of 

Cs, the preferred decay product is a metastable Ba isotope which relaxes into stable barium 

under the release of γ-rays. Therefore, caesium is considered as main source of nuclear radiation 

in the first hundreds of years (Cherif et al., 2017). In solution, caesium is a monovalent, highly 

soluble cation, which does not precipitate under natural conditions. This implies a very high 

mobility of Cs+ in aqueous solutions. Consequently, in case of a release into the environment, 

radiant Cs can contaminate a wide area (Staunton and Roubaud, 1997; Poinssot et al., 1999; 

Bradbury and Baeyens, 2000; Dzene et al., 2015). Natural occurring Cs-133 acts similar to 

potassium in the human body, depositing in bones, muscles and soft tissue and is generally seen 

as non-toxic (Yamagata, 1962; Leggett et al., 2003). Only high amounts can cause confusion in 

the metabolism (because of the similarity to potassium) and provoke diseases such as cardiac 

arrest, arrhythmia or hypokalemia among others (Melnikov and Zanoni, 2010). The radioactive 

isotopes are mainly harmful due to their radioactivity and resulting radiation in living beings 

(Rasheed et al., 2019; Turner et al., 2019).  

Iodine is one of the few fission products with anionic character and therefore chosen as 

representative in the investigated WC. Its preferred species in natural solutions are IO3
-, I- or 

bound to organic molecules (Bruchertseifer et al., 2003) although iodine can be available in 

many different oxidation states (7, 5, 1, 0, -1). The isotopes occurring in HLW are I-129 

(t1/2 = 15.7•106 a) and I-131(t1/2 = 8 d). Like the caesium isotopes, they are β--emitters. Based 

on its high volatility (as I2 or HI) and high mobility (as iodide) in ground- or seawater, 

radioactive iodine is able to contaminate a large territory. In human body, iodine is metabolised 
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in the thyroid, where the chemical radiation can cause thyroid cancer (Drozdovitch et al., 2019; 

Kutsen et al., 2019). Therefore, many governments provide potassium iodide tablets in case of 

the release of radioactive material. This natural iodide saturates the thyroid for some days, so 

no new uptake is necessary for the metabolism and additional intake of perhaps radiant iodide 

isotopes can be segregated fast. Nevertheless, only people younger than 45 are recommended 

to use the tablets, because the risk of a permanent hyperthyroidism triggered by the iodide 

excess is much higher since then (Rønnov-Jessen and Kirkegaard, 1973; Nordyke et al., 1988).  

 

 

2.3 Concept for a high-level nuclear waste disposal in clay formations   

in northern Germany  

2.3.1 Geology and hydrogeology  

 

Different studies were made to evaluate the suitability of potential host rocks in Germany such 

as granite, salt rock or clay formations (Bräuer et al., 1994; Kockel and Krull, 1995; 

Bundesgesellschaft für Geowissenschaften und Rohstoffe, 2007; Hoth et al., 2007). In the 

present work, clay is considered as host rock under conditions occurring especially in northern 

Germany. This disposal model is based on the ANSICHT project (Jobmann et al., 2017). 

Abundant clay deposits from lower Cretaceous are located in the Lower Saxony Basin 

(Mutterlose and Bornemann, 2000). The maximum thickness is 1,300 m. Herefrom, the sections 

Hauterivian and Barremian in a depth of around 200 to 1,000 m are mostly suitable for a 

repository. Hauterivian is divided in two layers with different geological composition: the lower 

Hauterivian with mainly lime and marl lime benches alternating with pyrite and siderite 

containing illite or kaolinite claystone as well as the upper Hauterivian with pyritic and 

bituminous claystone. The sediment of Barremian can also be divided in an upper and lower 

Barremian. Both mainly consist of illite or kaolinite claystone with some enclaves of pyrite 

(Reinhold et al., 2013). Samples from different boreholes are available, but they are very 

different in their specific mineral composition. An exemplary overview of the borehole Konrad 

101 is given in Table 2 with averaged mineral values from the different layers of the two lower 

Cretaceous sections of interest respectively (Jahn and Sönnke, 2013). Although the boreholes 

were in the same area, the range of fluctuation in the mineral composition is partly very large.  
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Table 2 Composition of the drilling core from Konrad 101 of the sections Barremian and Hauterivian in lower Cretaceous in 

the Lower Saxony Basin (average values are given and range per complete section in brackets) (Jahn and Sönnke, 2013). 

Mineral Content in Barremian [%] Content in Hauterivian [%] 

Muscovite/illite 19 (10-37) 19 (2-36) 

Kaolinite 

Smectite 

17 (4-27) 

1 (0-3) 

12 (2-20) 

3 (2-6) 

Quartz 27 (6-49) 18 (4-29) 

Feldspar 3 (1-10) 2 (1-4) 

Chlorite 6 (2-10) 5 (2-8) 

Clay mixed layer 6 (5-10) 2 (0-5) 

Gypsum 4 (2-12) 1 (0-2) 

Pyrite 6 (3-33) 5 (1-9) 

Calcite 5 (1-24) 26 (5-79) 

Dolomite 6 (3-10) 6 (2-8) 

Siderite  2 (0-14) 6 (0-12) 

Goethite 1 (0-3) 10 (0-20) 

Apatite 2 (0-3) 0 

Amorphous components 15 (1-36) 10 (3-22) 

Organic material 2 (1-3) 0.5 (0.4-0.7) 

 

These clay formations are in contact with fresh water as well as with salt water with up to 5 M 

NaCl and additional higher valent cations such as Ca2+ and Mg2+ (Klinge et al., 2002; Reinhold 

et al., 2013). This has to be considered in a possible water intrusion scenario and in the 

saturation of the host rock. As a consequence of this, the present work focuses not only on low 

saline but also on very high saline solutions as background electrolytes. 
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2.3.2 The multi-barrier system  

 

To protect the biosphere and groundwater from radionuclides in the HLW, multiple barriers are 

scheduled. These include technical barriers as well as the host rock as natural geological barrier. 

In Figure 5, the potential borehole emplacement for a repository in claystone is shown. 

 

 

Figure 5. Schematically description of a borehole emplacement for a high-level nuclear waste disposal in northern Germany 

in claystone as host rock (Lommerzheim and Jobmann, 2015). 

 

The first obstacle for the radionuclide migration are the coquilles which consist of fine-grain 

structural steel and have a wall thickness of 19.5 - 44.5 mm. These containers should be 

retrievable and tight for at least 500 years (Lommerzheim and Jobmann, 2015). Steel (and also 

other) containers are assumed to corrode over time under the conditions occurring in a HLW 

repository in deep geological formations (Kursten et al., 2004; Shoesmith, 2006; Bennett and 

Gens, 2008; Féron et al., 2009; King and Kolář, 2019; Zhang et al., 2019). This can lead to 

leakages and following a release of radiant material out of the containers. Since some steel 
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containers are designed to outlast 10,000 years, the postulated 500 years for the coquilles used 

in Germany can be practicable.  

After the containers, the next barrier for the HLW is the inside liner. It should also be stable for 

500 years at minimum. Grey cast iron is scheduled as inside liner if the HLW repository would 

be built in a salt formation and is also considered suitable in claystone, but this has still to be 

evaluated.  

The cavity between inside and outside liner should be filled with a buffer material containing 

80% bentonite and 20% sand which is an additional barrier due to the bentonite’s capability of 

adsorbing positively charged species. However, its primary function is to prevent solution 

movement from the surroundings (pore water from the host rock) towards the containers to 

avoid an acceleration of the corrosion. Bentonite should also be used as borehole seal to inhibit 

the advective transport of solutions  (Lommerzheim and Jobmann, 2015).  

The outside liner is not a barrier since it is perforated to allow the transport of solution into the 

backfill material. Its function is to endure the ground pressure of the surrounding formations 

and the capping. After 750 years, it is assumed to be broken due to corrosion (Lommerzheim 

and Jobmann, 2015). 

Another barrier with large influence, although not used in the borehole itself, is concrete. It is 

going to be used as abutment over the borehole seal and also for the construction of the 

repository. So, several tons of it will be available to interact with the surroundings or the 

radionuclides (Lommerzheim and Jobmann, 2015). If the host rock pore water gets into contact 

with the alkaline concrete, additional cations can get leached out of it and the pH value of the 

solution increases up to 13 (Berner, 1992; Bateman et al., 1999; Gaucher and Blanc, 2006). 

Because of this, it is estimated that the pH value of the solution which could interact with the 

radionuclides will stay above ten for several thousand years. Nevertheless, concrete serves as a 

barrier as well as adsorption material due to its partly different charged surface (Höglund et al., 

1985; Evans, 2008; Arayro et al., 2018).  

The outermost barrier against an uncontrolled release of radionuclides is the host rock itself. Its 

thickness and depth, combined with the low permeability should guarantee that no radiant 

material will contaminate the ground water or the environment or ever reach humanity in the 

next one million years. Another great challenge is to keep the knowledge about the upcoming 

HLW disposals worldwide and the handling of radioactive materials for such a long time. 

In the present work, OPA as model clay for a possible host rock and Calcigel (a commercial 

Ca-bentonite) as buffer and backfill material are investigated for their capacity to adsorb cations 

under varying conditions. 
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2.3.3 Fundamentals of ion immobilisation on potential barriers of a 

disposal 

 

Some of the disposal’s barriers in this concept are not only physical barriers against the 

migration of radionuclides, but they are also able to immobilise some elements via adsorption 

processes. Clay, bentonite (consisting mainly of the clay mineral montmorillonite) and cement 

are such potential barriers. The basics of the adsorption processes are explained below. 

Adsorption is defined as accumulation of a substance (adsorbate) on a boundary surface 

between two phases (adsorbent). In the context of a HLW disposal, it implies the attachment of 

radioactive elements out of an aqueous solution (e.g. the clay pore water) onto the surface of 

clay, bentonite or cementitious materials. The surface of these materials is charged and ions can 

intercalate for example in interlayers or adsorb in areas of crystal defects to neutralise the 

substance to the outside. The reversed process is called desorption. Adsorption is based on 

electrostatic interactions which can be divided in physisorption and chemisorption depending 

on their adsorption enthalpy (∆Hads). Physisorption describes mainly van der Waals interactions 

with ∆Hads < 50 kJ mol-1, whereas chemisorption resembles a chemical reaction with 

∆Hads > 100 kJ mol-1 (Martens-Menzel, 2011). The transitions between both processes are fluid 

and partly not assignable. Just as the adsorption processes of metal ions on clay are considered 

to be chemisorption but ∆Hads is found in broad ranges dependent on the specific metals and 

clay minerals (Bradl, 2004; Gupta and Bhattacharyya, 2006; Unuabonah et al., 2007; 

Bhattacharyya and Gupta, 2008).  

There are different mathematical models to describe the relation between the amount of an 

adsorbed substance (cads) and its concentration in solution or partial pressure (ceq), the so-called 

adsorption isotherm. The simplest one is the linear Henry adsorption isotherm 

 

                                                                   cads = KH • ceq                                                         (1) 

 

where KH represents the Henry coefficient and which resembles Henry’s law for the solubility 

of gases in solutions (Henry, 1803). In this equation (1), the amount of adsorbed substance does 

not affect the adsorption of further substance and the adsorption places are not limited. It is 

often only valid for very small adsorbate concentrations. 
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In 1907, Herbert Freundlich presented an empirical adsorption model where the reduced 

capacity of the adsorbent with increasing adsorbate concentration is taken into account 

(Freundlich, 1907). The corresponding adsorption isotherm is called Freundlich isotherm  

 

                                                                   cads = KF • ceq
1/n                                                      (2) 

 

with KF as Freundlich coefficient and n as Freundlich exponent. Most adsorption processes of 

small ion concentrations on clay or cementitious materials can be described by this equation (2) 

(Gupta and Bhattacharyya, 2006; Bhattacharyya and Gupta, 2008; Elbana et al., 2018; 

Georgescu et al., 2018; Tiruneh et al., 2018). Discrepancies mainly occur if there are more 

adsorption sites with very different selectivities.  

Another popular model was developed by Irving Langmuir (Langmuir, 1918). The adsorption 

isotherm  

 

                                                                   cads = 
��∙���

����∙���
                                                         (3) 

 

with KL as Langmuir coefficient takes additionally into account that only a monolayer of 

adsorbate can be bound. Contrary to the Freundlich model, saturation phenomena can be 

described with this formula which are necessary for high adsorbate concentrations. 

There are also other adsorption models considering different phenomena and circumstances 

such as the Brunauer-Emmett-Teller, the Gibbs and the Temkin isotherms (Gibbs, 1878; Swan 

and Urquhart, 1926; Brunauer et al., 1938; Emmett and Kummer, 1943). 

In the following, the properties and structure of OPA and bentonites, especially Calcigel (a 

commercial Ca-bentonite), concerning the adsorption of cations are elucidated in more detail. 

 

 

2.3.4 Opalinus Clay as a model for the host rock 
 

In the context of this work, no sample of lower Cretaceous clay from the Lower Saxony Basin 

was available. Therefore, OPA is used as reference clay to represent the host rock. It natural 

occurs in Switzerland and south Germany. OPA is often used as reference material because its 

properties are already well investigated by the Swiss National Cooperative for the Disposal of 

Radioactive Waste. OPA was deposited as a marine segment about 180 million years ago and 
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is located in the Jurassic section. It contains 40-80% clay minerals and 10% of them are 

swellable (Van Loon et al., 2003). This swelling capacity leads to high compaction of the 

material and low permeability for solutions. In the context of a HLW disposal this means an 

aqueous plume could travel only very slowly through the encapsulating host rock. The diffusion 

coefficients De for e.g. Cs+ and iodide through OPA were determined as De(Cs+) ≈ 2•10-10 m2 s-1 

and De(I-) ≈ 1•10-11 m2 s-1 from laboratory as well as field data (Van Loon et al., 2004; Wersin 

et al., 2004). This equals a movement < 1 cm2 per year. 

Responsible for the clay’s swelling ability is the structure of the contained clay minerals. These 

minerals are so-called sheet silicates. They consist of aqueous aluminium silicates in tetrahedral 

and octahedral layers. SiO4 tetrahedrons are corner-linked and AlO6 octahedrons are edge-

linked (Figure 6). The number of sheets depends on the sort of the clay mineral. Kaolinite 

consists of two sheets, illite and smectite of three and chlorite even of four. The substitution of 

Si(IV) by Al(III) or Al(III) by Mg(II) leads to an overall negatively charged surface. Due to 

this, besides water, various cations can intercalate in the clay’s interlayers or get complexed on 

the clay surface. The widening of the interlayers causes the clay to swell. This phenomenon 

depends on the salinity and composition of the actual clay pore water as well as most adsorption 

processes on the clay’s surface (Thury, 2002; Herbert et al., 2008; Li et al., 2009; Chang et al., 

2012; Massat et al., 2016; Liu et al., 2018; He et al., 2019; Soler et al., 2019).     

 

 
Figure 6. Structure of a 2:1 clay mineral (two tetrahedral and one octahedral sheet) (modified after Ghadiri et al., 2015). 

 

In OPA as well as in the lower Cretaceous clay in the Lower Saxony Basin the main clay 

minerals are kaolinite and illite. The composition of the OPA sample BHE-24/1 from Mont 

Terri used in this study is given in table 3 in section 3.1. The natural pore water of OPA consists 

mainly of NaCl, has an ionic strength of 0.4 M and a neutral pH of 7.6 (see section 3.1, table 1) 
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(Van Loon et al., 2005; Appelo et al., 2010). Natural clay can be regarded as a colloidal system 

with a porosity of 8 to 18% (Thury and Bossart, 1999). The specific surface area of OPA BHE-

24/1 was determined to 41.3 m² g-1 (Joseph et al., 2011). Most pores inside the material are 

interconnected and occupied by water and solutes. The main part of the pores is very small and 

the embedded pore water is strongly bound to the mineral surface. Only a few pores are large 

enough to embed also free water (Zhang et al., 2010).   

The affinity of cations to the interlayers or surface of the clay depends on their charge and 

hydrodynamic radius. With increasing charge and decreasing hydrodynamic radius the 

probability for a cation to adsorb on clay increases (Blum, 2007). Especially, surface complexes 

between cations and clay depend additionally on the pore water pH (Bradbury and Baeyens, 

2011; Baborová et al., 2018). The cationic exchange capacity (CEC) of OPA ranges from 10.2 

to 16 meq 100g-1 (Nagra, 2002). 

As in all natural soils, some organic molecules are contained in OPA. These can be small ones 

such as acetate, lactate or formate or even large humic substances with a maximal total content 

of 1% mass fraction (Courdouan et al., 2007; Joseph et al., 2011). Such molecules can have an 

impact on the retention of the cations. Organic compounds may prevent the adsorption due to 

complexation (Courdouan et al., 2008; Barkleit et al., 2014; Hahn et al., 2017). This leads 

generally to a mobilisation in solution and following this, to a lower retention, which has to be 

considered in the safety assessment of a potential HLW disposal.                 

 

 

2.3.5 Bentonite as buffer and backfill material 

 

Bentonites are scheduled as buffer and backfill material in many concepts for HLW storage 

(Radhakrishna et al., 1989; Güven, 1990; Ishikawa et al., 1990; Madsen, 1998; Ye et al., 2010). 

They consist of a mixture of different clay minerals and other components. The main clay 

mineral is montmorillonite. Compared to OPA, the swelling capacity of montmorillonite is even 

larger (Tournassat et al., 2015). This results in very low permeability, so bentonite is 

predestined as sealing material. Established applications are for example as borehole seal, 

binder in cat litter, drying agent and binder for heavy metals in lakes and aquaristics (Harvey 

and Lagaly, 2013).  

The inner surface of bentonites is larger than in other clays which leads to a high adsorption 

capacity. Bentonites are classified by their natural major interlayer cation such as Na-bentonite 
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or Ca-bentonite. However, since the cations are exchangeable, the actual major interlayer cation 

depends on the surrounding solution (Staunton and Roubaud, 1997; Poinssot et al., 1999; 

Missana et al., 2014a). 

In the present work Calcigel (former Montigel), a Ca-bentonite from Bavaria, is investigated. 

Calcigel consists of 60-70% of montmorillonite (see table 1 in section 3.3), a three-sheet 

silicate. Its inner surface is with 493 m² g-1 around then times bigger than this of OPA and its 

CEC is about 58.7 meq 100g-1 (Müller-Vonmoss and Kahr, 1983; Clariant, 2015). Calcigel is a 

“mixture of selected Bavarian raw clays” (Clariant, 2015). In view to the costs of a HLW 

disposal, this bentonite has not to get imported if chosen as buffer and backfill material 

(Lommerzheim and Jobmann, 2015). Its suitability was already investigated for the Swiss and 

the Swedish HLW disposal concepts. They studied e.g. the thermal conductivity, bacterial 

growth, diffusion coefficients, CEC and swelling pressure under different conditions (Müller-

Vonmoss and Kahr, 1983; Madsen, 1998; Herbert and Moog, 2002; Bengtsson and Pedersen, 

2017). However, Calcigel’s adsorption properties in the context of a HLW disposal under high 

saline and hyperalkaline conditions were not studied yet.   

The main disadvantages for clay as host rock and bentonite as buffer material for a HLW 

repository are their low thermal conductivity and their low thermal endurance 

(Bundesgesellschaft für Geowissenschaften und Rohstoffe, 2007). HLW emits heat in the first 

hundreds of years of storage and consequently, the surrounding in the near-field will heat up. 

The exact temperature depends on the barrier’s saturation and total volume of the waste. It is 

assumed that the near-field heats up to ~100 °C (Johnson et al., 2002). The clay near the heat 

source will dry due to water evaporation and shrink. This leads to a drawing of additional water 

from the surroundings and the clay swells. Both contrary processes cause a lot of stress for the 

material which can lead to irreversible deformation and thermal excess pore pressure (Gens et 

al., 2002, 2009; Monfared et al., 2011).  
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2.4 Experimental methods and data analysis 

2.4.1 Retention experiments 

 

There are different types of experiments which can be performed to investigate the adsorption 

of a species or ion on an adsorbent. The most intuitive and realistic ones are diffusion 

experiments. A solution (usually HTO or another solution spiked with analytes) is brought into 

contact with an excess of solid and whether the time it needs to pass through this solid is 

measured or the distance it migrated in a set time (Van Loon et al., 2003; Gimmi, 2008). 

Although the design is very realistic, diffusion experiments are cumbersome and it can last 

several years to get reliable results.  

Contrary to diffusion experiments, batch experiments are more simple, but also highly 

standardised and easy reproducible. A comparatively small amount of solid gets into contact 

with an excess of solution. After a set equilibration time, analyte ions are added and after 

another defined period of time the analyte distribution can be analysed (Lippold et al., 2005; 

Kautenburger and Beck, 2008; Schmeide and Bernhard, 2010). This type of experiments is 

conducted in the present work. 

Another way to investigate the adsorption behaviour are miniaturised column experiments. 

With a solid to liquid ratio as realistic as in diffusion experiments and runtimes from minutes 

to days, they combine the advantages of diffusion and batch experiments. A pre-column for 

high pressure liquid chromatography (HPLC) is filled with adsorbent and installed in a HPLC 

apparatus. Analytes can be added directly in the HPLC eluent, which continuously flows 

through the column or a small amount can be injected via a sample loop (Kautenburger, 2014; 

Sander, 2017). After the column, the solution or rather its analyte content can be analysed. For 

this, the coupling to other analytical tools (e.g. ICP-MS) can be beneficial.  

The effectiveness of an adsorption process is often described via so-called distribution 

coefficients (Kd) 

 

                                                                      Kd = 
����

���
                                                              (4) 

 

which describe the ratio between bounded (cads) and free amount of the substance (ceq). 
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Since especially in alkaline solutions, precipitation can also be involved in the immobilisation 

of the elements, the retention cannot always be described adequately by Kd values. It is proper 

to use retention coefficients Rd in their place 

 

                                                                       Rd = 
���
���

                                                              (5) 

 

where cim refers to the amount of the immobilised substance. In relation to ions in solution 

adsorbing on charged mineral phases, the unit of Rd is normally given in L kg-1 (or m3 kg-1 

referring to SI units). It gets calculated of the immobilised concentration per kilogram adsorbent 

in mol kg-1 and the remaining concentration in solution in mol L-1. With a known initial analyte 

concentration and a measured ceq, Rd can easily be calculated for the experimental setups 

mentioned above.  

 

 

2.4.2 Elemental quantification via mass spectrometry with 

inductively coupled plasma  

 

ICP-MS is a powerful analytical tool to quantify most elements in the periodic table quasi 

simultaneously at trace levels in aqueous solutions or solids. It is used to determine ceq of HLW 

relevant elements after the batch experiments in the present work. 

The first commercial device was introduced in 1983 by Perkin-Elmer SCIEX which could 

already detect > 90% of the elements down to a detection limit of 0.5-10 µg/L (Date, 1983; 

Hunt, 2008). In the 1970s and 80s, a lot of research and development on this technique was 

done by Gray and Houk and their co-workers (Gray, 1974, 1975a, 1975b; Houk et al., 1980, 

1981; Houk, 1986). At this early stage of development, it was only useful for research 

applications because only samples prepared in the laboratory could be investigated due to a lot 

of interferences and unstable measurement conditions, even in cleanrooms. Despite that, 

combining the detection limit of graphite furnace atomic absorption with the rapid multi-

element analysis of inductively coupled plasma optical emission spectrometry, the 

implementation of ICP-MS was somewhat revolutionary in the analytical chemistry (Thomas, 

2001a). Over the last decades, ICP-MS evolved from a complicated research tool only useful 

for high specific liquid samples to a standard method for widespread analytical questions with 

even higher detection limits, also in natural samples such as sea water or solids and even in 
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single cells or nanoparticles (Mitrano et al., 2012; Lee et al., 2014; Mueller et al., 2014; Hein 

et al., 2017; Qiao and Xu, 2018; Itoh et al., 2018; Lobo et al., 2018; Meyer et al., 2018; Hendriks 

et al., 2019; Lesniewski et al., 2019; Löhr et al., 2019).  

The measurement principle is based on the formation of monocharged cations in the plasma 

followed by separation through the ion’s mass to charge ratio. In the following, it is described 

in detail based on the Agilent 7500 series. For liquid analysis by default, the sample gets 

transported via a peristaltic pump, which guarantees a constant flow of liquid, into a nebuliser. 

A fine aerosol is formed, supported by argon as carrier gas (~1 L/min). Argon gas drags sample 

droplets from the tip of the nebuliser and carries them into a spray chamber (Figure 7). Here, 

larger droplets (> 10 µm in diameter) hit a wall and flow to the waste outlet (~99%) (Browner 

and Boorn, 1984), whereas the really small ones get transported to the plasma torch by the gas 

stream (Thomas, 2001b). 

 

 

Figure 7. Nebuliser and double pass spray chamber typically used in an Agilent 7500 ICP-MS (Agilent Technologies, 2005). 

 

The plasma torch consists of three concentric quartz tubes (Figure 8). In the outer and largest 

one, around 12-17 L argon are flowing through every minute. This argon stream is needed to 

form the plasma. At the top of the torch, a radio frequency coil creates an alternating current. 

Following this, an intense electromagnetic field is generated in this area. When the argon gas 

is flowing through the torch, a high-voltage spark split some electrons from their atoms which 

were accelerated and causing a chain reaction through collision with other atoms leading to a 

cloud of separated Ar+-ions and their electrons. In the middle tube, another argon stream around 

1 L/min is applied, the auxiliary gas, to stabilise the plasma’s position relative to the tubes. The 

sample gets injected through the inner tube together with the Ar carrier gas. As the sample 
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reaches the plasma, its components get desolvated, evaporated, atomised and at least ionised by 

former argon electrons to mostly monocharged cations (Thomas, 2001c).  

 

 

Figure 8. Plasma torch in an Agilent 7500 ICP-MS (Agilent Technologies, 2005). 

 

After the ionisation under atmospheric conditions, the sample has to pass the interface leading 

to the mass spectrometer analyser in the high vacuum zone. The interface consists of two 

metallic cones (usually Ni or Pt) with small orifices, whereas the orifice of the first cone, called 

sampler, is still larger (0.8 – 1.2 mm) than that of the following skimmer cone (0.4 – 0.8 mm). 

To prohibit overheating by contact with the plasma, the outer part of the sampler cone consists 

of copper or aluminium which dissipate heat easily and additionally, the interface casing is 

water-cooled (Thomas, 2001d). After the cones, the sample ions get to the ion optics (Figure 9), 

whose function is to transport as much of analyte ions to the mass separation device as possible. 

The optic consists of metallic plates, barrels or cylinders and is under electrical voltage. This is 

necessary to keep the ion beam focused and get rid of neutral species and photons (Thomas, 

2001e). 
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Figure 9. Schematically structure of the ion optic of an Agilent 7500 ICP-MS (Agilent Technologies, 2005). 

 

Before the ion beam finally reaches the mass analyser, a collision or reaction cell is connected 

upstream to allow also the detection of elements which typically suffer from spectral 

interferences by so-called molecular ions generated out of the plasma gas or sample 

components. Examples for these species are 40Ar16O+ which equals the mass of 56Fe+ and 
38ArH+ disturbing the quantification of 39K+. To avoid additional detection of these molecular 

ions, a cell with a radio frequency multipole (e.g. an octopole) is flooded with hydrogen or 

helium. The focused ion beam collides with the gas. Molecular ions are larger than normal ions 

and collide statistically more often with He or H2. Every collision leads to a loss of kinetic 

energy. A potential barrier at the entrance of the mass analyser excludes the low energy ions 

(Thomas, 2002a) and only the focused beam of mainly monocationic, single atomic ions 

reaches the mass analyser. In most cases, as well as in the Agilent 7500 series, this component 

is a quadrupole, which means four charged metal rods, arranged quadratic, where the 

counterparts carry the same charge and the rods in neighbourhood the opposite charge (Figure 

10). Over this direct current an alternating current voltage is placed, changing the charge of the 

paired rods with a variable frequency. This frequency is responsible whether an ion with 

specific mass to charge ratio can pass or collides with one of the rods and does not reach the 

following detector (Thomas, 2001f). Typical detectors used in ICP-MS systems are discrete 

dynode electron multipliers. An ion passing the mass analyser has to follow a curve to hit the 

first dynode off-axis which minimizes the background noise. The first strike on the dynode 

unleashes secondary electrons. These are accelerated to the next dynode, where they generate 

even more electrons and so on. At least, one ion triggers a lot of electrons, generating a pulse 
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that is captured by the multiplier collector or anode, resulting in a measurement signal (Thomas, 

2002b). 

 

 

Figure 10. Structure of a quadrupole mass analyser (Santoiemma, 2018). 

 

In the present work and many studies concerning the safety of a HLW disposal, ICP-MS is used 

as a powerful tool to analyse trace level concentrations of selected elements. In the context of 

the high saline pore water in northern Germany and the application of the WC, two challenges 

arose which not allow ICP-MS measurements by default.  

The first challenge is the high amount of matrix (up to 5 M NaCl). It leads to suppression of the 

analyte signal and deposition of salt in the ICP-MS system. The latter accelerates the abrasion 

of the components significantly. To handle these problems, a new measurement method was 

implemented. The sample will be injected into the ICP-MS system only for a very short time 

(10 s). An additional make-up solution (diluted HNO3) guarantees a constant flow and dilutes 

the sample fourfold before it gets nebulised. Instead of a stable plateau, where the analyte signal 

intensities are tapped by default (e.g. as counts per second), a signal peak is obtained (Figure 

11). The peak area is proportional to the concentration of the analyte (Hein et al., 2017). With 

this method, trace concentrations of elements can be detected even in very high saline matrices 

without additional sample clean up. 
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Figure 11. Chromatographic illustration of the transient measurement of the analytes 153Eu (red), 238U (blue) and 165Ho as 
internal standard (green) with integrated peak areas (Ho concentration 10 µg L-1, Eu and U concentrations 0.1, 0.5, 1, 5 and 
10 µg L-1) (Hein et al., 2017). 
 

The second challenge is the simultaneous quantification of high valent metals and iodine. 

Metals are measured via ICP-MS in acidic solutions by default to avoid wall adsorption and 

precipitation effects. However, iodine forms volatile compounds in acidic environment such as 

iodine and hydrogen iodide. These compounds adsorb on the spray chamber wall. As a 

consequence of this, the measurement signal is instable and a memory effect arises (Vanhoe et 

al., 1993; Al-Ammar et al., 2001). Therefore, iodine measurements by ICP-MS are usually 

performed in the neutral or alkaline pH range. To optimise the ICP-MS measurement of the 

whole WC in one sample, a method to determine all WC elements together and simultaneously 

in acidic solution is presented in section 3.2. 
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2.5 Geochemical modelling 

2.5.1 Theoretical background 

 

In 1962, Garrels and Thompson published a model to calculate the composition of sea water 

based on dissociation constants and activity coefficients of the involved species for the first 

time (Garrels and Thompson, 1962). In the following, geochemical modelling based on 

thermodynamic constants gained popularity and is today a useful tool to confirm experiments 

and even to predict geochemical processes. In the context of a long-term safety case for a HLW 

disposal, geochemical modelling can be used to simulate e.g. radionuclide transport, adsorption 

phenomena, alteration of materials and corrosion of containers (Peña et al., 2008; Zheng et al., 

2017; Tournassat et al., 2018; Medved’ and Černý, 2019). All this can be done under a broad 

range of conditions and on long timescales, which is not always possible under laboratory 

conditions. 

There are different common programs to simulate various issues such as EQ3/EQ6, 

MINTEQA2, PHREEQC and The Geochemist’s Workbench. Every program can face different 

geochemical questions (Wolery et al., 1988; Allison et al., 1991; Wolery, 1992; Parkhurst and 

Appelo, 2013; Bethke et al., 2019). 

In the present work, PHREEQC (Parkhurst and Appelo, 2013) was used for ion exchange 

modelling on OPA and Calcigel as well as dissolution and secondary mineral formation of 

OPA. An exemplary input file for the modelling of the Cs+ adsorption on Calcigel is given in 

figure A1 in section 3.3. 

The program can be used for speciation simulations, batch-reactions, one-dimensional transport 

and inverse geochemical calculations (Parkhurst and Appelo, 2013). It is based on minimisation 

of the system’s Gibbs energy ∆G. As long as ∆G < 0 a reaction takes place and reaches a steady 

state when ∆G = 0. For the calculation, the formation constant K for every species involved has 

to be provided. K is the ratio of velocity constants k to form product or starting material in the 

steady state  

 

                                                             K = 
��

��
 = 

�(�)!•�(#)$

�(%)&•�(')(
                                                         (6) 

 

with a as activity of the species of a reaction 
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Since 

 

                                                                   logK = 
)∆+

,../0
                                                                  (7) 

 

at room temperature (25 °C), the amount of every species in a system can be calculated. An 

algorithm determines the species distribution for which the total Gibbs energy reaches a 

minimum. To connect the measurable activity of a species with its concentration c 

 

                                                                       a = γ•c                                                                  (8) 

 

the activity coefficient γ depended on the ionic strength I of the background electrolyte has to 

be known. The determination of γ is based on the Debye-Hückel rule  

 

                                                                  logγ = -A•zi
2•√I                                                          (9) 

 

with z as ion charge and A as Debye-Hückel parameter depended on T and the absolute 

permittivity of the background electrolyte (Debye and Hückel, 1923). Equation 9 is only valid 

for highly diluted solutions (I < 0.01 M). Especially at very high ionic strengths, the calculation 

of γ is challenging because additional parameters are needed. In PHREEQC, the empirical 

Davies equation 

  

                                                       logγ = -A•zi
2•(

√2

��√2
− 0.3 • I)                                             (10) 

 

valid for I < 0.5 M is used by default (Davies, 1938). This equation (10) is applied for the γ 

calculations concerning OPA in the present work. For the adsorption experiments in higher 

saline background electrolytes (≤ 5 M) the specific ion interaction theory (SIT) 

 

                                              logγ = -A•zi
2•(

√2

��6•√2
) + ∑ ε(i, u) • m>>                                     (11) 
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including B as empirical constant (1.5 √
��

���
), mu as molality of the counterion u and ε as ion 

interaction parameter is used (Brönsted, 1922; Guggenheim, 1935; Scatchard, 1936). For every 

aqueous species pair (e.g. Na+ and Cl- or Cs+ and Cl-) in the model, ε has to be provided 

additionally. 

Precipitation of solids is considered in PHREEQC via the relation 

 

                                                                        SI = 
2?@

�
                                                             (12) 

 

where SI references to the saturation index and IAP is the ion activity product of the concerned 

solid. The K value in equation 12 describes the formation constant of the separated ions, which 

is commonly known as solubility product (Parkhurst and Appelo, 2013). A solid tends to 

precipitate if SI > 1. SI = 0 represents a steady state. When SI < 1 and the release of a solid’s 

ions into the solution causes a decrease in ∆G, this solid will dissolve.  

K and A depend on the temperature. The constants given in PHREEQC databases are normally 

valid for T = 25 °C. Conversion to higher temperatures can be made via the Van’t Hoff equation 

 

                                                   logK1 - logK2 = 
)∆AB

C
• (

�

D�
−

�

D�
)                                             (13) 

 

with ∆H0 as standard enthalpy. Since ∆H0 is not available for all minerals involved in the model 

for OPA, the simulation is limited to 25 °C. 

Beside species calculations and mineral behaviour, also adsorption processes can be simulated 

by using PHREEQC. The surface complexation reactions used in this work are based on the 

model of Dzombak and Morel (published 1990) for complexation of heavy metal ions on 

hydrous ferric oxide (Parkhurst and Appelo, 2013). Here, the complete number of sites is 

divided in strong and weak binding sites. The associated formation constants for the surface-

ion complex are also called selectivity constants. 

The cationic exchange gets simulated via a defined amount of an exchanger X- and the 

associated logK to form the compound PXz with P as an arbitrary cation and z as its charge. 
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2.5.2 Adsorption models for Eu3+, UO2
2+ and Cs+  

 

In the literature, different models to simulate the adsorption of cations on clay surfaces are 

known. The theoretical studies for Eu3+, UO2
2+ and Cs+ presented in this work base on such 

models. They are slightly refined since the experimental conditions such as pH, ionic strength 

or the used clay varied compared to the literature. 

For the modelling of Eu3+ and UO2
2+ adsorption on OPA a two-site surface complexation model 

and additional cationic exchange was applied. It is based on Bradbury and Baeyens’ 2 site 

protolysis non-electrostatic surface complexation and cation exchange sorption model 

(Bradbury and Baeyens, 1997, 2011). They determined the uptake of aqueous metal species by 

different experiments and found, that it needed at least two surface complexation sites and also 

cationic exchange to describe the observations (Baeyens and Bradbury, 1997; Bradbury and 

Baeyens, 2009).  

In the case of Cs+, there are different proposals in the literature to describe the adsorption 

behaviour best. The Cs+ adsorption on clay strongly depends on the initial Cs+ concentration, 

which is contributed to very selective and non-selective adsorption sites (Cornell, 1993; 

Staunton and Roubaud, 1997; Missana et al., 2004). For experiments on OPA respectively on 

illite, two or three different sites described as surface complexation or cationic exchange are 

suggested (Brouwer et al., 1983; Poinssot et al., 1999; Bradbury and Baeyens, 2000; Missana 

et al., 2014b). Whereas on montmorillonite or smectite mainly two surface complexation 

reactions are implemented to describe the adsorption (Gutierrez and Fuentes, 1996). In this 

work, a two-site surface complexation model as proposed by Missana et al. is used for the 

simulations on Calcigel (Missana et al., 2014a). 
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3. Results and Discussion 

3.1 Insights into the retention behaviour of europium(III) and 

uranium(VI) onto Opalinus Clay influenced by pore water 

composition, temperature, pH and organic compounds 

 

Extended abstract: 

OPA was investigated as one reference clay for a potential host rock of a HLW disposal in 

Germany. The adsorption behaviour of Eu3+ and UO2
2+ on OPA was determined in a broad pH 

range (2-12) at different temperatures (25 and 60 °C) in a low saline inert background 

electrolyte (0.01 M NaOCl4, SP) and in OPA reference pore water (PW, I = 0.4 M) by 

laboratory experiments and theoretically by the use of geochemical modelling. On the one hand, 

the host rock of a HLW will be in contact with the cementitious construction material, which is 

an alkaline material. This can lead to an increasing pH value of the pore water solution. On the 

other hand, OPA contains pyrite which gets presumably oxidised in the storage phase of around 

one million years. During this reaction, protons are generated and the pH value of the 

surrounding pore water solution can decrease. These contrary processes presuppose the 

knowledge of the elements’ adsorption behaviour at different proton concentrations. Since the 

HLW generates heat in the first hundreds of years, the phase composition and following this, 

the adsorption capacity of the host rock can change. So, it is also necessary to investigate the 

possible interactions at elevated temperatures. Furthermore, the influence of organic matter 

(lactate and humic acid) as potential complexing agents on the retention behaviour of Eu3+ and 

UO2
2+ was investigated. 

For Eu3+, higher adsorption was observed at 60 °C than at room temperature over the whole pH 

range and in both background electrolytes. This is in agreement with the endothermic character 

of the adsorption process, which was analysed via a Van’t Hoff plot (T = 25, 40 and 60 °C). At 

pH > 7 the immobilisation of Eu3+ was nearly 100% under the investigated conditions. The 

developed two-site surface complexation model with additional respect to cationic exchange 

could only be applied for T = 25 °C, due to the lack of enthalpy data for most of the involved 

mineral phases. It underrates the Eu3+ adsorption in the acidic pH range in NaClO4. A reason 

for this could be an overestimated dissolving behaviour of OPA in the model and following 

this, too many competing cations in solution compared to the experiments. In OPA pore water, 

the modelling fits almost perfect over the whole pH range. 
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The adsorption of UO2
2+ on OPA increases with increasing pH value until the neutral pH range 

is reached. Here, the adsorption decreases in both electrolytes and at both temperatures. Around 

pH 7, a neutral aquo complex Ca2UO2(CO3)3 is formed, which does not adsorb on the 

negatively charged clay surface. With increasing alkalinity, the uranyl adsorption increases 

again until nearly 100% are reached at pH 10 or 11 and above, due to the precipitation of 

different uranium containing minerals. The applied two-site surface complexation model with 

additional respect to cationic exchange describes the adsorption behaviour in OPA pore water 

very well. In NaClO4, the formation of the neutral complex was overestimated compared to the 

experiments. This is a consequence of the complete dissolution of calcite contained in OPA in 

the model, which acts as Ca-source. Additionally, the decreasing of the UO2
2+ adsorption is 

shifted to one higher pH number compared to the laboratory experiments. As it was found for 

Eu3+ before, the adsorption of uranyl on OPA is an endothermic reaction and consequently the 

adsorption was, in general, higher at 60 °C than at room temperature. 

The influence of lactate and humic acid on the adsorption behaviour of Eu3+ and UO2
2+ was 

investigated in OPA pore water at its natural pH 7.6. For Eu3+, no influence of lactate could be 

observed. By addition of humic acid, the retention increases about 20% at an Eu3+ concentration 

of 32.9•10-6 M, where the OPA surface is already saturated. The formed negatively charged 

complexes could precipitate with additional cations contained in the pore water solution. For 

uranyl, the effect of the organic matter was only an increasing adsorption at 60 °C in the 

presence of humic acid at both investigated UO2
2+ concentrations. This can also be attributed 

to precipitation. 

An analysis of the formed Eu3+ species with humic acid was done via capillary electrophoresis 

coupled to an ICP-MS. Here, only a weakly bound Eu3+ containing organic matter species could 

be detected. 

Ralf Kautenburger is the corresponding author and he had the supervision during the 

experiments. He planned, designed and wrote the publication. Kristina Brix was also involved 

in writing the publication and revised the manuscript before publicising. She developed an ion 

exchange model to simulate the sorption edge experiments and carried out the modelling of the 

data. Christina Hein carried out the experiments, analysed the samples and interpreted the 

results. She also revised the manuscript before the publicising.  
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These results have been published in Applied Geochemistry. 

Kautenburger, R., Brix, K., Hein, C., 2019, Appl. Geochem. 109, 104404. 

https://doi.org/10.1016/j.apgeochem.2019.104404 

Copyright (2019) Elsevier. 

 

 

Figure 12. Adsorption edges of Eu(III) and U(VI) on Opalinus Clay in front of a piece of Opalinus Clay (Graphical abstract 

of Insights into the retention behaviour of europium(III) and uranium(VI) onto Opalinus Clay influenced by pore water 

composition, temperature, pH and organic compounds).
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Fig. S1 

Powder XRD main analysis of five clay samples (A) and Rietveld refinement (TOPAS 

2.1, Bruker AXS) of the OPA (B). 
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Fig. S2.  

Log Kd values of the Eu(III) sorption onto OPA at pH 5 or 7.6 and 25 or 60°C in PW and 

SP. The first temperature refers to the preconditioning, the second to the sorption 

experiment. 

 

Table S1 

Kd values (L∙kg-1) and standard deviations (±SD) of Eu(III) (1.97∙10-6 mol·L-1) sorption 

onto OPA in SP and PW at pH 5 or 7.6 and 25°C or 60°C. The first temperature refers 

to the preconditioning, the second to the sorption experiment. 

Temperature SP pH 7.6 PW pH 7.6 SP pH5 PW pH5 

25 / 25 °C 65000±15500 22560±71 507±160 91±11 

60 / 60 °C 865000±12700 71000±9100 31800±24400 438±80 

60 / 25 °C 362000±79500 5790±877 1800±238 116±28 
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Table S2 

Parameters for calculations of Eu(III) / U(VI) sorption onto OPA. The Davies Equation 

was used for activity corrections in all cases. 

 

Surface complexation or exchange reaction logK 

≡SSOH + Eu3+ ↔ ≡SSOEu2+ + H+ 1.9 

≡SSOH + Eu3+ + H2O ↔ ≡SSOEuOH+ + 2 H+ -4.6 

≡SSOH + Eu3+ + 2H2O ↔ ≡SSOEu(OH)2 + 3 H+ -12.8 

≡SSOH + Eu3+ + 3H2O ↔ ≡SSOEu(OH)3
- + 4 H+ -24.0 

≡SWOH + Eu3+ ↔ ≡SWOEu2+ + H+ 0.3 

≡SWOH + Eu3+ + H2O ↔ ≡SWOEuOH+ + 2 H+ -6.2 

≡SSOH + UO2
2+ ↔ ≡SSOUO2

+ + H+ 2.0 

≡SSOH + UO2
2+ + H2O ↔ ≡SSOUO2OH + 2 H+ -3.5 

≡SSOH + UO2
2+ + 2H2O ↔ ≡SSOUO2(OH)2

- + 3 H+ -10.6 

≡SSOH + UO2
2+ + 3H2O ↔ ≡SSOUO2(OH)3

2- + 4 H+ -19 

≡SWOH + UO2
2+ ↔ ≡SWOUO2

+ + H+ 0.1 

≡SWOH + UO2
2+ + H2O ↔ ≡SWOUO2OH + 2 H+ -5.3 

3 NaX + Eu3+ ↔ EuX3 + 3 Na+ 1.9 

2 NaX + UO2
2+ ↔ UO2X2 + 2 Na+ 0.65 
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Table S3 

Average log Kd values for the sorption edges of Eu(III) (n=3; 1.97∙10-6 mol·L-1) and 

U(VI) (n=2; 4.2∙10-7 mol∙L-1) onto OPA in porewater (PW) and sodium perchlorate (SP) 

at 25 °C (calculated errors: pH±0.2 log units and log Kd±0.3 log units). 

 

pH 

Eu(III) 

SP 

Eu(III) 

PW 

U(VI)  

SP 

U(VI) 

PW 

2 1.8 1.0 1.4 1.6 

3 2.4 1.6 1.9 1.7 

4 2.7 2.0 2.3 2.4 

5 3.0 2.4 3.1 2.9 

6 3.5 3.1 3.6 2.9 

7 4.4 3.6 2.1 1.4 

8 4.3 4.0 2.1 1.6 

9 4.5 4.6 2.6 2.5 

10 4.5 4.8 3.1 4.3 

11 4.8 4.8 3.7 5.2 

12 4.7 5.6 3.1 5.4 

 

 

The sorption edges experiments are performed for U(VI) in two and for Eu(III) in three 

independent series. The analytical uncertainty for pH is calculated to be ± 0.2 log units, and for 

the sorption edges the uncertainty increases at low metal ion concentrations (especially Eu(III)) 

left in solution at high pH where > 90% of Eu(III) is sorbed and this leads to an uncertainty of 

log Kd values of about ±0.3 log units. Uncertainty for each pH value is shown in Fig. 1 for 

Eu(III) and in Fig. 2 for U(VI). 
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Table S4 

Kd values and standard deviations (L∙kg-1) of U(VI) (4.2∙10-7 mol∙L-1) onto OPA in 

porewater (PW) and sodium perchlorate (SP) at pH 7.6 and 25/60°C. 

 

U(VI) 
Kd value PW 

[L∙kg-1] 

Kd value SP 

[L∙kg-1] 

25°C 24±13 149±57 

60°C 126±38 730±4 

 

 

 

Table S5 

Log Kd values for the sorption of 3.29·10-6 mol∙L-1 (0.5 mg∙L-1) and 32.9·10-6 mol∙L-1 

(5.0 mg·L-1) Eu(III), and 2.110-6 mol∙L-1 (0.5 mg∙L-1 ) and 10.510-6 mol∙L-1 

(2.5 mg∙L-1) U(VI)  onto OPA in PW (I = 0.4 mol∙L-1, pH 7.6) at different temperatures (25 

and 60°C) in the presence or absence of NOM (lactate, AHA), respectively. Maximum 

measurement error is < 4%, uncertainty of ±0.3 log units is estimated for all experiments. 

 

Log Kd 

(25°C) 

   Log Kd 

(60°C) 

  

Eu(III) Absence 

of NOM 

Presence 

of lactate 

Presence 

of AHA 

Absence  

of NOM 

Presence  

of lactate 

Presence 

of AHA 

3.29·10-6 mol∙L-1 3.7 3.7 3.9 4.4 4.5 4.2 

32.9·10-6 mol∙L-1 2.8 2.8 3.3 4.3 4.4 4.3 

U(VI)       

2.1×10-6 mol∙L-1  1.7 1.7 1.8 2.1 2.1 3.6 

10.5×10-6 mol∙L-1  1.6 1.6 1.6 2.0 2.1 2.9 

 

 

 

 

 



 

53 
 

3.2 Simultaneous quantification of iodine and high valent metals via 

ICP-MS under acidic conditions in complex matrices 

 

Extended abstract: 

A new method was developed to quantify iodine in acidic solutions via ICP-MS. Iodine gets 

quantified in alkaline media by default because the high volatile compounds I2 and HI, which 

are favoured in acidic media, adsorb in the area of the spray chamber. This leads to an unstable 

measurement signal and memory effects. A precise quantification is not possible under these 

conditions. In alkaline solutions, high valent metals like Eu3+ precipitate as hydroxides or 

carbonates. As a consequence, the simultaneous measurement of iodine and such metals via 

ICP-MS was not practicable without using additional complexing agents for the high valent 

metals. In very complex matrices such as artificial cement pore water (ACW, ≈ 3 M), the 

complexation of all cations is practically impossible. 

In natural solutions, the iodine species are mainly free iodide or iodate as well as organic 

molecules containing iodine. Only iodide forms volatile I2 and HI in the presence of acid. A 

suitable method to avoid this is to oxidise iodide to iodate before the acidic ICP-MS sample 

preparation. NaOCl was found to be an appropriate oxidation agent. The reaction time can be 

varied between 1-72 h at minimum. Afterwards, acid can be added and the samples are stable 

for at least 5 d. 

The recovery of iodide oxidised with NaOCl to iodate was determined in deionised water 

depended on the internal standard (Br-79, In-115, Te-125, Ho-165) used for the compensation 

of measurements fluctuations. With Br-79 the iodide concentration was always overestimated 

(126-290% recovery). A recovery near 100% for all investigated iodide concentrations (0.3-

90 µg L-1) could be obtained with a signal correction to the other three elements. Nevertheless, 

the best recoveries in the whole iodide concentration range were obtained by using Ho-165 as 

internal standard.  

Iodide and Eu3+ or the whole WC were quantified in low and high saline solutions (Milli-Q 

water, ACW, 5 M NaCl) at neutral and alkaline pH (12.5) of the equilibration medium to test 

the robustness of the method. During the oxidation step, all used elements were present in 

solution. The recovery of all elements was 91-105% with a relative standard deviation ≤ 5% 

under all investigated conditions for element concentrations ranging from 15 to 90 µg L-1. No 

interference of NaOCl on the recovery of the metals could be observed. The oxidation of iodide 
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to iodate with NaOCl is a robust and inexpensive method to determine iodine in the presence 

of high valent metals via ICP-MS as long as no speciation analytic is required.  

Kristina Brix planned, designed and wrote the publication. She planned and carried out the 

experiments, analysed the samples and interpreted the results. Christina Hein and Jonas Michael 

Sander were involved in the planning and discussion of the experiments and revised the 

manuscript before publicising. Ralf Kautenburger is the corresponding author. He had 

supervision during the experiments and writing. He was also involved in discussing the results, 

design and writing of the publication and he revised the manuscript before publicising.  

 

These results have been published in Talanta. 

Brix, K., Hein, C., Sander, J.M., Kautenburger, R., 2017, Talanta 167, 532-536. 

http://dx.doi.org/10.1016/j.talanta.2017.02.056 

Copyright (2017) Elsevier. 

 

 

Figure 13. Schematic representation of a potential high-level nuclear waste disposal with the so-called waste cocktail 
(Graphical abstract of Simultaneous quantification of iodine and high valent metals via ICP-MS under acidic conditions in 
complex matrices). 
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3.3 Adsorption of caesium on raw Ca-bentonite in high saline 

solutions: Influence of concentration, mineral composition, other 

radionuclides and modelling 

 

Extended abstract: 

Calcigel was investigated as potential buffer and backfill material for a HLW disposal. Its 

retention capacity for Cs+ was determined under varying conditions by laboratory experiments 

as well as theoretically by the use of geochemical modelling. In the repository, the bentonite 

will be in contact with cementitious materials which lead to increasing alkalinity of the pore 

water. Therefore, the experiments were carried out under hyperalkaline conditions (pH 12.5-

13). In the model region northern Germany, the host rock pore water can consist of up to 5 M 

NaCl and it can also interact with the cement. So, beside NaCl with different ionic strengths 

(0.1, 1, 5 M, pH 13) an ACW (I ≈ 3 M, pH 12.5) was used as background electrolyte for the 

adsorption experiments. For the first time, the adsorption of Cs+ on bentonite was investigated 

combining such hyperalkaline and high saline conditions.  

The Cs+ adsorption behaviour depended on the initial Cs+ concentration (5 nM-250 µM) is non-

linear. This contributes to the two different adsorption sites for Cs+ on clays containing mainly 

montmorillonite such as Calcigel. In accordance with the results for background electrolytes 

with low ionic strength in the literature, the retention of Cs+ decreases with increasing ionic 

strength even in very high saline solutions. The adsorption decreased also with increasing Cs+ 

concentration but even in 5 M NaCl at the highest Cs+ concentration (250 µM) the retention 

was still around 10%. Since much more bentonite as adsorbent will be used in a HLW disposal 

compared to these experiments, suitable retention of Cs+ is also in very high saline solutions 

very likely. 

Besides these experiments, a two-site surface complexation model was developed. With this 

model it was possible to determine the values of the Cs+, K+ and Ca2+ adsorption parameters 

for Calcigel. The selectivity constants for both binding sites are higher in the case of Cs+ and 

lower for the investigated competing ions (K+, Ca2+) compared to the literature determined in 

background electrolytes with lower ionic strength (0.1 M at maximum). This indicates, that the 

models developed for adsorption experiments in low saline background electrolytes are not 

absolutely transferable to high saline solutions.  

To determine the influence of the inhomogeneity of raw Calcigel, the adsorption of Cs+ was 

also investigated on pure Na-montmorillonite in 0.1 M NaCl and ACW, respectively. In the 
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lower saline solution, the Cs+ adsorption on Na-montmorillonite did not depend much on the 

initial Cs+ concentration and was better reproducible than on Calcigel. In ACW, almost no 

differences between the two adsorbent materials were visible. There, the influence of the 

various competing ions in the background electrolyte is bigger than the influence of Calcigel’s 

inhomogeneity. 

To simulate realistic conditions in a HLW disposal, the adsorption of Cs+ on Calcigel was 

additionally investigated in the presence of Eu3+, UO2
2+ and I- as representatives of other 

elements contained in HLW. In 0.1 and 1 M NaCl, no differences compared to the single 

elements experiments could be observed. At higher salinity (ACW, 5 M NaCl), differences 

occur at the highest and lowest initial Cs+ concentration. For 5 nM Cs+, the retention decreased 

in ACW and increased in 5 M NaCl in the WC experiments. Since the Cs+ background of 

leached Cs+ out of Calcigel is about 21 nM, this can be contributed to measurement 

uncertainties. Contrary to this, the Cs+ retention decreased at 250 µM Cs+ in both solutions. 

This effect is also implied in 1 M NaCl. Here, further investigations at higher concentrations or 

with other additional HLW relevant elements are necessary.       

Kristina Brix is the corresponding author and planned, designed and wrote the publication. She 

carried out all experiments concerning the Ca-bentonite, analysed the samples and interpreted 

the results. The development of an appropriate ion exchange model and the modelling of the 

data were also done by Kristina Brix. Christina Hein was involved in planning the experiments 

and discussion of the results. She also revised the manuscript before publicising. Aaron Haben 

carried out the experiments concerning Na-montmorillonite and analysed the samples. The 

interpretation and discussion of the Na-montmorillonite results were done by Aaron Haben 

under the supervision of Ralf Kautenburger, Christina Hein and Kristina Brix. Ralf 

Kautenburger had supervision during all the experiments and writing. He was also involved in 

the discussion of the results as well as design and writing of the publication. He revised the 

manuscript before publicising. 
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These results have been published in Applied Clay Science. 

Brix, K., Hein, C., Haben, A., Kautenburger, R., 2019, Appl. Clay Sci. 182, 105275. 

https://doi.org/10.1016/j.clay.2019.105275 

Copyright (2019) Elsevier. 

 

 

Figure 14. Adsorption and simulation of Cs+ on Calcigel next to a schematic nearfield of a stored so-called waste cocktail 

surrounded by bentonite (Graphical abstract of Adsorption of caesium on raw Ca-bentonite in high saline solutions: influence 

of concentration, mineral composition, other radionuclides and modelling). 
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Fig. A1. PHREEQC input for the modelling of 1 nmol L-1 Cs+ in 0.1 M NaCl by using specific ion interaction theory. For other 

concentrations Cs and N(5) were varied from 1-250,000 nmol L-1. 

 



 

75 
 

 

Fig. A2. PHREEQC solution input for the modelling in 1 M NaCl (Solution 2), artificial cement pore water (Solution 3) and 5 

M NaCl (Solution 4) at [Cs+]i = 1 nmol L-1 by using specific ion interaction theory. 

 

Table A1  

Selectivity coefficients logK normalised against Na+ refined for Davies-modelling. 

Selectivity coefficient logK This study Missana et al.a 

Cs+ (T1) 7.79 7.64 

K+ (T1) 2.50 2.50 

Ca2+ (T1) 0.76 0.76 

Cs+ (T2) 1.80 1.70 

K+ (T2) 0.57 0.57 

Ca2+ (T2) 0.29 0.29 

                                      a (Missana et al., 2014) 
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Fig. A3. Concentration depended percental adsorption of Cs+ on Calcigel in 0.1 M NaCl at pH 13 and with Davies equation 

and specific ion interaction theory modelled curves calculated with ideal parameters for Davies modelling. 

 

 

Fig. A4. Concentration depended percental adsorption of Cs+ on Calcigel in 1 M NaCl at pH 13 and with Davies equation and 

specific ion interaction theory modelled curves calculated with ideal parameters for Davies modelling. 
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Fig. A5. Concentration depended percental adsorption of Cs+ on Calcigel in artificial cement pore water (ACW) at pH 12.5 

and with Davies equation and specific ion interaction theory modelled curves calculated with ideal parameters for Davies 

modelling. 

 

 

Fig. A6. Concentration depended percental adsorption of Cs+ on Calcigel in 5 M NaCl at pH 13 and with Davies equation 

and specific ion interaction theory modelled curves calculated with ideal parameters for Davies modelling. 
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Fig. A7. Concentration depended percental adsorption of Cs+ on Calcigel in 0.1 M NaCl at pH 13 and modelled curve via 

specific ion interaction theory calculated with parameter from Cherif et al. (Surface complexation site density = 1.05•10-5 sites 

nm-2) (Cherif et al., 2017). 

 

 

Fig. A8. Concentration depended percental adsorption of Cs+ on Calcigel in 1 M NaCl at pH 13 and SIT modelled curve via 

specific ion interaction theory calculated with parameter from Cherif et al. (Surface complexation site density = 1.05•10-5 sites 

nm-2) (Cherif et al., 2017). 
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Fig. A9. Concentration depended percental adsorption of Cs+ on Calcigel in artificial cement pore water (ACW) at pH 12.5 

and SIT modelled curve via specific ion interaction theory calculated with parameter from Cherif et al. (Surface complexation 

site density = 1.05•10-5 sites nm-2) (Cherif et al., 2017). 

 

 

Fig. A10. Concentration depended percental adsorption of Cs+ on Calcigel in 5 M NaCl at pH 13 and SIT modelled curve via 

specific ion interaction theory calculated with parameter from Cherif et al. (Surface complexation site density = 1.05•10-5 sites 

nm-2) (Cherif et al., 2017). 
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Fig. A11. Concentration depended Kd values of Cs+ adsorption on Ca-bentonite and Na-montmorillonite in 0.1 M NaCl with 

standardised uncertainty of logKd ± 0.15. 
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4. Summary and outlook  

 

This work deals with the retention of elements relevant for a HLW disposal on different clays 

and contributes to a long-term safety case for a potential HLW disposal in clay formations, 

especially in the model region northern Germany. Various experiments and theoretical studies 

concerning the retention of Eu3+, UO2
2+ and Cs+ on OPA as reference host rock and Calcigel as 

potential buffer and backfill material were performed. The gained results describe the behaviour 

of elements relevant for a HLW disposal under realistic conditions (with the exception of the 

solid to liquid ratio, used in the batch experiments).  

On OPA, the retention of Eu3+ increases with increasing pH value. It exceeds 50% in 0.01 M 

SP and PW (0.4 M) at both temperatures (25 and 60 °C) for pH > 6. In the case of UO2
2+, the 

retention is low in the neutral pH range, due to the formation of the neutral Ca2UO2(CO3)3 aquo 

complex. It increases again at pH ≥ 9. In the presence of humic acid, the retention of both metals 

increases under the investigated conditions. These results show that OPA could be a sufficient 

host rock for a HLW disposal in relation to the retention of UO2
2+ and three valent actinides. 

This is even the case under realistic conditions such as high salinity, pH > 7, room and elevated 

temperature and the presence of clay organic matter (Figure 15 and 16). 

Cs+ can be immobilised by Calcigel under alkaline conditions (pH 12.5-13) in high and very 

high saline background electrolytes (0.1-5 M NaCl, ACW) (Figure 17). That also applies in the 

presence of other HLW relevant elements (Eu3+, UO2
2+ and I-). In complex solutions (such as 

ACW), the inhomogeneity of the natural material Calcigel has no influence on the Cs+ retention. 

With regard to the Cs+ retention, Calcigel is a suitable buffer material for a HLW disposal even 

under conditions occurring in northern Germany. 

The developed ion exchange models for OPA and Calcigel are in very good agreement with the 

experimental data. The gained modelling parameters can be evaluated by applying them to other 

experiments under different conditions.     

A new method to quantify iodine via ICP-MS under acidic conditions was developed. The 

robustness was shown by different pH values (7 and 12.5) and ionic strengths (Milli-Q water 

to 5 M NaCl) of the background electrolyte. Only a small amount of one additional chemical 

(18 mg L-1 NaOCl for iodine concentrations ≤ 127 µg L-1) is needed and the reaction time is 

with 1-72 h very flexible. This method is not only useful in repository research. It simplifies 

the iodine quantification in presence of high valent metals in many, also very complex solutions 

such as urine or seawater.  
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Since the storage of dangerous materials such as HLW for around one million years is a very 

extensive topic, there is still a lot of research to do. The presented experiments concerning OPA 

and Calcigel should be conducted with interchanged adsorbents to obtain data at realistic 

conditions. Additionally, the retention behaviour of iodide and other elements relevant for HLW 

should also get investigated at the same conditions as it was done in this work. Due to probable 

precipitation effects, the geochemical modelling will be challenging in the hyperalkaline pH 

range. Nevertheless, hyperalkaline and high saline pore water is expected in the model for an 

HLW in northern Germany and was rarely considered in the literature, yet. 

 

 

Figure 15. Retention of Eu3+ on Opalinus Clay (OPA) under different conditions in 0.01 M NaOCl4 (a) and in OPA reference 
pore water (b). 
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Figure 16. Retention of UO2
2+ on Opalinus Clay (OPA) under different conditions in 0.01 M NaOCl4 (a) and in OPA 

reference pore water (b). 
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Figure 17. Adsorption of the lowest (5 nM) and highest (250 µM) investigated initial Cs+ concentration on Calcigel in 0.1-5 M 

NaCl pH 13 and artificial cement pore water (ACW, pH 12.5, I ≈ 3 M). 



 

III 
 

5. References 

 

Aaltonen, I., Engström, J., Front, K., Gehör, S., Kosunen, P., Kärki, A., Mattila, J., Paananen, 

M., Paulamäki, S., 2016. Geology of Olkiluoto. 

Agilent Technologies, 2005. ICP-MS - Inductively Coupled Mass Spectrometry - A Primer. 

Al-Ammar, A., Reitznerová, E., Barnes, R.M., 2001. Thorium and iodine memory effects in 

inductively-coupled plasma mass spectrometry. Fresenius. J. Anal. Chem. 370, 479–482. 

https://doi.org/10.1007/s002160100837 

Allison, J.D., Brown, D.S., Novo-Gradac, K.J., 1991. MINTEQA2/PRODEFA2, a geochemical 

assessment model for environmental systems: Version 3.0 User’s Manual. Environmental 

Research Laboratory, Athens. 

Appelo, C.A.J., Van Loon, L.R., Wersin, P., 2010. Multicomponent diffusion of a suite of 

tracers (HTO, Cl, Br, I, Na, Sr, Cs) in a single sample of Opalinus Clay. Geochim. 

Cosmochim. Acta 74, 1201–1219. https://doi.org/10.1016/j.gca.2009.11.013 

Arayro, J., Dufresne, A., Zhou, T., Ioannidou, K., Ulm, J.-F., Pellenq, R., Béland, L.K., 2018. 

Thermodynamics, kinetics, and mechanics of cesium sorption in cement paste: a 

multiscale assessment. Phys. Rev. Mater. 2, 053608. 

https://doi.org/10.1103/PhysRevMaterials.2.053608 

Baborová, L., Vopálka, D., Červinka, R., 2018. Sorption of Sr and Cs onto Czech natural 

bentonite: experiments and modelling. J. Radioanal. Nucl. Chem. 318, 2257–2262. 

https://doi.org/10.1007/s10967-018-6196-3 

Baeyens, B., Bradbury, M.H., 1997. A mechanistic description of Ni and Zn sorption on Na-

montmorillonite Part I: titration and sorption measurements. J. Contam. Hydrol. 27, 199–

222. https://doi.org/10.1016/S0169-7722(97)00008-9 

Baisden, P.A., Choppin, G.R., 2007. Nuclear Waste Management and the Nuclear Fuel Cycle. 

EOLSS Publishers, Oxford, UK. 

Barkleit, A., Kretzschmar, J., Tsushima, S., Acker, M., 2014. Americium(III) and europium(III) 

complex formation with lactate at elevated temperatures studied by spectroscopy and 

quantum chemical calculations. Dalt. Trans. 43, 11221–11232. 

https://doi.org/10.1039/C4DT00440J 

Bartlett, G.S., Houts, P.S., Byrnes, L.K., Miller, R.W., 1983. The near disaster at Three Mile 

Island. Int. J. Mass Emerg. Disasters 1, 19–42. 

Bateman, K., Coombs, P., Noy, D.J., Pearce, J.M., Wetton, P., Haworth, A., Linklater, C., 1999. 



 

IV 
 

Experimental simulation of the alkaline disturbed zone around a cementitious radioactive 

waste repository: numerical modelling and column experiments. Geol. Soc. London, Spec. 

Publ. 157, 183–194. https://doi.org/10.1144/GSL.SP.1999.157.01.14 

Bengtsson, A., Pedersen, K., 2017. Microbial sulphide-producing activity in water saturated 

Wyoming MX-80, Asha and Calcigel bentonites at wet densities from 1500 to 2000 kgm−3. 

Appl. Clay Sci. 137, 203–212. https://doi.org/10.1016/j.clay.2016.12.024 

Bennett, D.G., Gens, R., 2008. Overview of European concepts for high-level waste and spent 

fuel disposal with special reference waste container corrosion. J. Nucl. Mater. 379, 1–8. 

https://doi.org/10.1016/j.jnucmat.2008.06.001 

Berner, U.R., 1992. Evolution of pore water chemistry during degradation of cement in a 

radioactive waste repository environment. Waste Manag. 12, 201–219. 

https://doi.org/10.1016/0956-053X(92)90049-O 

Bethke, C.M., Farrell, B., Yeakel, S., 2019. GWB Essentials Guide. Aqueous Solutions LLC, 

Champaign. 

Bhattacharyya, K.G., Gupta, S. Sen, 2008. Adsorption of a few heavy metals on natural and 

modified kaolinite and montmorillonite: a review. Adv. Colloid Interface Sci. 140, 114–

131. https://doi.org/10.1016/j.cis.2007.12.008 

Blum, W.E.H., 2007. Bodenkunde in Stichworten, 6th ed. Gebr. Borntraeger, Berlin, Stuttgart. 

Bradbury, M.H., Baeyens, B., 2011. Predictive sorption modelling of Ni(II), Co(II), Eu(IIII), 

Th(IV) and U(VI) on MX-80 bentonite and Opalinus Clay: a “bottom-up” approach. Appl. 

Clay Sci. 52, 27–33. https://doi.org/10.1016/j.clay.2011.01.022 

Bradbury, M.H., Baeyens, B., 2009. Sorption modelling on illite Part I: titration measurements 

and the sorption of Ni, Co, Eu and Sn. Geochim. Cosmochim. Acta 73, 990–1003. 

https://doi.org/10.1016/j.gca.2008.11.017 

Bradbury, M.H., Baeyens, B., 2000. A generalised sorption model for the concentration 

dependent uptake of caesium by argillaceous rocks. J. Contam. Hydrol. 42, 141–163. 

https://doi.org/10.1016/S0169-7722(99)00094-7 

Bradbury, M.H., Baeyens, B., 1997. A mechanistic description of Ni and Zn sorption on Na-

montmorillonite Part II: modelling. J. Contam. Hydrol. 27, 223–248. 

https://doi.org/10.1016/S0169-7722(97)00007-7 

Bradl, H.B., 2004. Adsorption of heavy metal ions on soils and soils constituents. J. Colloid 

Interface Sci. 277, 1–18. https://doi.org/10.1016/j.jcis.2004.04.005 

Bräuer, V., Reh, M., Schulz, P., Schuster, P., Sprado, K.H., 1994. Endlagerung stark 

wärmeentwickelnder radioaktiver Abfälle in tiefen geologischen Formationen 



 

V 
 

Deutschlands - Untersuchung und Bewertung von Regionen in nichtsalinaren 

Formationen. 

Breitenstein Jr., B.D., Palmer, H.E., 1989. Lifetime Follow-up of the 1976 Americium Accident 

Victim. Radiat. Prot. Dosimetry 26, 317–322. 

https://doi.org/10.1093/oxfordjournals.rpd.a080424 

Brönsted, J.N., 1922. Studies on solubility. IV. The principle of the specific interaction of ions. 

J. Am. Chem. Soc. 44, 877–898. https://doi.org/10.1021/ja01426a001 

Brouwer, E., Baeyens, B., Maes, A., Cremers, A., 1983. Cesium and rubidium ion equilibriums 

in illite clay. J. Phys. Chem. 87, 1213–1219. https://doi.org/10.1021/j100230a024 

Browner, R.F., Boorn, A.W., 1984. The Achilles’Heel of Atomic Spectroscopy? Anal. Chem. 

56, 786A-798A. https://doi.org/10.1021/ac00271a001 

Bruchertseifer, H., Cripps, R., Guentay, S., Jaeckel, B., 2003. Analysis of iodine species in 

aqueous solutions. Anal. Bioanal. Chem. 375, 1107–1110. 

https://doi.org/10.1007/s00216-003-1779-3 

Brunauer, S., Emmett, P.H., Teller, E., 1938. Adsorption of gases in multimolecular layers. J. 

Am. Chem. Soc. 60, 309–319. https://doi.org/10.1021/ja01269a023 

Buchheim, B., Persson, L., 1992. Chemotoxicity of nuclear waste repositories. Nucl. Technol. 

97, 303–315. https://doi.org/10.13182/NT92-A34638 

Bundesamt für Strahlenschutz, 2017a. Geschichte des Endlagers Morsleben 

https://archiv.bge.de/archiv/www.endlager-

morsleben.de/Morsleben/DE/themen/endlager/geschichte/geschichte_dossierd7e7.html?c

ms_notFirst=true&cms_docId=7586480 (accessed 19.07.19). 

Bundesamt für Strahlenschutz, 2017b. Die Geschichte der Asse 

https://archiv.bge.de/archiv/www.asse.bund.de/Asse/DE/themen/was-

ist/geschichte/geschichte_node.html (accessed 19.07.19). 

Bundesamt für Strahlenschutz, 2017c. Das Endlager Konrad im Überblick 

https://archiv.bge.de/archiv/www.endlager-

konrad.de/Konrad/DE/themen/endlager/ueberblick/ueberblick_node.html (accessed 

19.07.19). 

Bundesgesellschaft für Endlagerung, 2019. Kurzinformationen zum Endlager Morsleben 

https://www.bge.de/de/morsleben/kurzinformationen/ (accessed 19.07.19). 

Bundesgesellschaft für Geowissenschaften und Rohstoffe, 2007. Endlagerung radioaktiver 

Abfälle in Deutschland - Untersuchung und Bewertung von Regionen mit potenziell 

geeigneten Wirtsgesteinsformationen. 



 

VI 
 

Cao, X., Zheng, L., Hou, D., Hu, L., 2019. On the long-term migration of uranyl in bentonite 

barrier for high-level radioactive waste repositories: the effect of different host rocks. 

Chem. Geol. 525, 46–57. https://doi.org/10.1016/j.chemgeo.2019.07.006 

Chang, P.-H., Li, Z., Jean, J.-S., Jiang, W.-T., Wang, C.-J., Lin, K.-H., 2012. Adsorption of 

tetracycline on 2:1 layered non-swelling clay mineral illite. Appl. Clay Sci. 67–68, 158–

163. https://doi.org/10.1016/j.clay.2011.11.004 

Cherif, M.A., Martin-Garin, A., Gérard, F., Bildstein, O., 2017. A robust and parsimonious 

model for caesium sorption on clay minerals and natural clay materials. Appl. 

Geochemistry 87, 22–37. https://doi.org/10.1016/j.apgeochem.2017.10.017 

Clariant, 2015. Product Information: Calcigel. Switzerland. 

Collier, J.G., Davies, L.M., 1980. The accident at Three Mile Island. Heat Transf. Eng. 1, 56–

67. https://doi.org/10.1080/01457638008939563 

Cornell, R.M., 1993. Adsorption of cesium on minerals: a review. J. Radioanal. Nucl. Chem. 

171, 483–500. https://doi.org/10.1007/BF02219872 

Courdouan, A., Christl, I., Meylan, S., Wersin, P., Kretzschmar, R., 2007. Characterization of 

dissolved organic matter in anoxic rock extracts and in situ pore water of the Opalinus 

Clay. Appl. Geochemistry 22, 2926–2939. 

https://doi.org/10.1016/j.apgeochem.2007.09.001 

Courdouan, A., Christl, I., Rabung, T., Wersin, P., Kretzschmar, R., 2008. Proton and trivalent 

metal cation binding by dissolved organic matter in the Opalinus Clay and the Callovo-

Oxfordian formation. Environ. Sci. Technol. 42, 5985–5991. 

https://doi.org/10.1021/es8007358 

Date, A.R., 1983. An introduction to inductively coupled plasma source mass spectrometry. 

Trends Anal. Chem. 2, 225–230. https://doi.org/10.1016/0165-9936(83)87006-X 

Davies, C.W., 1938. 397. The extent of dissociation of salts in water. Part VIII. An equation for 

the mean ionic activity coefficient of an electrolyte in water, and a revision of the 

dissociation constants of some sulphates. J. Chem. Soc. 2093–2098. 

https://doi.org/10.1039/JR9380002093 

Debye, P., Hückel, E., 1923. Zur Theorie der Elektrolyte. I. Gefrierpunktserniedrigung und 

verwandte Erscheinungen. Phys. Zeitschrift 24, 185–206. 

Dickson, C.L., Glasser, F.P., 2000. Cerium(III, IV) in cement: implications for actinide (III, 

IV) immobilisation. Cem. Concr. Res. 30, 1619–1623. https://doi.org/10.1016/S0008-

8846(00)00362-8 

Drozdovitch, V., Khrouch, V., Minenko, V., Konstantinov, Y., Khrutchinsky, A., Kutsen, S., 



 

VII 
 

Kukhta, T., Shinkarev, S., Gavrilin, Y., Luckyanov, N., Voillequé, P., Bouville, A., 2019. 

Influence of the external and internal radioactive contamination of the body and the clothes 

on the results of the thyroidal 131I measurements conducted in Belarus after the Chernobyl 

accident. Part 1: Estimation of the external and internal radioactive c. Radiat. Environ. 

Biophys. 58, 195–214. https://doi.org/10.1007/s00411-019-00784-3 

Duffield, J.R., Williams, D.R., 1986. The environmental chemistry of radioactive waste 

disposal. Chem. Soc. Rev. 15, 291–307. 

Dzene, L., Tertre, E., Hubert, F., Ferrage, E., 2015. Nature of the sites involved in the process 

of cesium desorption from vermiculite. J. Colloid Interface Sci. 455, 254–260. 

https://doi.org/10.1016/j.jcis.2015.05.053 

Eisenbud, M., Krauskopf, K., Franca, E.P., Lei, W., Ballad, R., Linsalata, P., Fujimori, K., 

1984. Natural analogues for the transuranic actinide elements: an investigation in Minas 

Gerais, Brazil. Environ. Geol. Water Sci. 6, 1–9. https://doi.org/10.1007/BF02525564 

Elbana, T.A., Selim, H.M., Akrami, N., Newman, A., Shaheen, S.M., Rinklebe, J., 2018. 

Freundlich sorption parameters for cadmium, copper, nickel, lead, and zinc for different 

soils: influence of kinetics. Geoderma 324, 80–88. 

https://doi.org/10.1016/j.geoderma.2018.03.019 

Emmett, P.H., Kummer, J.T., 1943. Kinetics of ammonia synthesis. Ind. Eng. Chem. 35, 677–

683. https://doi.org/10.1021/ie50402a012 

Evans, N.D.M., 2008. Binding mechanisms of radionuclides to cement. Cem. Concr. Res. 38, 

543–553. https://doi.org/10.1016/j.cemconres.2007.11.004 

Fermi, E., Amaldi, E., D&apos;Agostino, O., Rasetti, F., Segrè, E., Rutherford, E., 1934. 

Artificial radioactivity produced by neutron bombardment. Proc. R. Soc. London. Ser. A, 

Contain. Pap. a Math. Phys. Character 146, 483–500. 

https://doi.org/10.1098/rspa.1934.0168 

Féron, D., Crusset, D., Gras, J.-M., 2009. Corrosion issues in the French high-level nuclear 

waste program. CORROSION 65, 213–223. https://doi.org/10.5006/1.3319129 

Flügge, S., 1939. Kann der Energieinhalt der Atomkerne technisch nutzbar gemacht werden? 

Naturwissenschaften 27, 402–410. https://doi.org/10.1007/BF01489507 

Freundlich, H., 1907. Über die Adsorption in Lösungen. Zeitschrift für Phys. Chemie. 

https://doi.org/10.1515/zpch-1907-5723 

Gao, N., Huang, Z., Liu, H., Hou, J., Liu, X., 2019. Advances on the toxicity of uranium to 

different organisms. Chemosphere 237, 124548. 

https://doi.org/10.1016/j.chemosphere.2019.124548 



 

VIII 
 

Garrels, R.M., Thompson, M.E., 1962. A chemical model for sea water at 25°C and one 

atmosphere total pressure. Am. J. Sci. 260, 57–66. https://doi.org/10.2475/ajs.260.1.57 

Gaucher, E., Blanc, P., 2006. Cement/clay interactions - A review: experiments, natural 

analogues, and modeling. Waste Manag. 26, 776–788. 

https://doi.org/10.1016/j.wasman.2006.01.027 

Gens, A., Guimaraes, L. d. N., Garcia-Molina, A., Alonso, E.E., 2002. Factors controlling rock–

clay buffer interaction in a radioactive waste repository. Eng. Geol. 64, 297–308. 

https://doi.org/10.1016/S0013-7952(02)00026-1 

Gens, A., Sánchez, M., Guimarães, L.D.N., Alonso, E.E., Lloret, A., Olivella, S., Villar, M. V, 

Huertas, F., 2009. A full-scale in situ heating test for high-level nuclear waste disposal: 

observations, analysis and interpretation. Géotechnique 59, 377–399. 

https://doi.org/10.1680/geot.2009.59.4.377 

Georgescu, A.-M., Nardou, F., Zichil, V., Nistor, I.D., 2018. Adsorption of lead(II) ions from 

aqueous solutions onto Cr-pillared clays. Appl. Clay Sci. 152, 44–50. 

https://doi.org/10.1016/j.clay.2017.10.031 

Ghadiri, M., Chrzanowski, W., Rohanizadeh, R., 2015. Biomedical applications of cationic clay 

minerals. RSC Adv. 5, 29467–29481. https://doi.org/10.1039/C4RA16945J 

Gibbs, J.W., 1878. On the equilibrium of heterogeneous substances. Transations Connect. 

Acad. Arts Sci. 3, 108–248, 343–534. https://doi.org/10.2475/ajs.s3-16.96.441 

Gimmi, T., 2008. Modelling field diffusion experiments in clay rock: influence of numerical 

representation of borehole and rock interface. J. Environ. Sci. Sustain. Soc. 2, 63-70. 

https://doi.org/10.3107/jesss.2.63 

Gray, A.L., 1975a. Mass-spectrometric analysis of solutions using an atmospheric pressure ion 

source. Analyst 100, 289–299. https://doi.org/10.1039/AN9750000289 

Gray, A.L., 1975b. Plasma sampling mass spectrometry for trace analysis of solutions. Anal. 

Chem. 47, 600–601. https://doi.org/10.1021/ac60353a049 

Gray, A.L., 1974. It all depends on the source. Proc. Soc. Anal. Chem. 11, 182–183. 

https://doi.org/10.4324/9781315521091 

Grivé, M., Duro, L., Colàs, E., Giffaut, E., 2015. Thermodynamic data selection applied to 

radionuclides and chemotoxic elements: an overview of the ThermoChimie-TDB. Appl. 

Geochemistry 55, 85–94. https://doi.org/10.1016/j.apgeochem.2014.12.017 

Guggenheim, E.A., 1935. L. The specific thermodynamic properties of aqueous solutions of 

strong electrolytes. London, Edinburgh, Dublin Philos. Mag. J. Sci. 19, 588–643. 

https://doi.org/10.1080/14786443508561403 



 

IX 
 

Gupta, S. Sen, Bhattacharyya, K.G., 2006. Adsorption of Ni(II) on clays. J. Colloid Interface 

Sci. 295, 21–32. https://doi.org/10.1016/j.jcis.2005.07.073 

Gutierrez, M., Fuentes, H.R., 1996. A mechanistic modeling of montmorillonite contamination 

by cesium sorption. Appl. Clay Sci. 11, 11–24. https://doi.org/10.1016/0169-

1317(96)00006-3 

Güven, N., 1990. Longevity of bentonite as buffer material in a nuclear-waste repository. Eng. 

Geol. 28, 233–247. https://doi.org/10.1016/0013-7952(90)90010-X 

Hahn, O., Strassmann, F., 1939. Nachweis der Entstehung aktiver Bariumisotope aus Uran und 

Thorium durch Neutronenbestrahlung; Nachweis weiterer aktiver Bruchstücke bei der 

Uranspaltung. Naturwissenschaften 27, 89–95. https://doi.org/10.1007/BF01488988 

Hahn, R., Hein, C., Sander, J.M., Kautenburger, R., 2017. Complexation of europium and 

uranium with natural organic matter (NOM) in highly saline water matrices analysed by 

ultrafiltration and inductively coupled plasma mass spectrometry (ICP-MS). Appl. 

Geochemistry 78, 241–249. https://doi.org/10.1016/j.apgeochem.2017.01.008 

Hamed, M.M., Ahmend, I.M., Holiel, M., 2019. Retention behavior of anionic radionuclides 

using metal hydroxide sludge. Radiochim. Acta. https://doi.org/10.1515/ract-2019-0010 

Harvey, C.C., Lagaly, G., 2013. Chapter 4.2 - Industrial Applications, in: Bergaya, F., Lagaly, 

G. (Eds.), Handbook of Clay Science, Developments in Clay Science. Elsevier, pp. 451-

490. https://doi.org/10.1016/B978-0-08-098259-5.00018-4 

Hayashi, M., Hughes, L., 2013. The Fukushima nuclear accident and its effect on global energy 

security. Energy Policy 59, 102–111. https://doi.org/10.1016/j.enpol.2012.11.046 

He, Y., Ye, W.-M., Chen, Y.-G., Cui, Y.-J., 2019. Effects of K+ solutions on swelling behavior 

of compacted GMZ bentonite. Eng. Geol. 249, 241–248. 

https://doi.org/10.1016/j.enggeo.2018.12.020 

Hein, C., Sander, J.M., Kautenburger, R., 2017. New approach of a transient ICP-MS 

measurement method for samples with high salinity. Talanta 164, 477–482. 

https://doi.org/10.1016/j.talanta.2016.06.059 

Hendriks, L., Ramkorun-Schmidt, B., Gundlach-Graham, A., Koch, J., Grass, R.N., 

Jakubowski, N., Günther, D., 2019. Single-particle ICP-MS with online microdroplet 

calibration: toward matrix independent nanoparticle sizing. J. Anal. At. Spectrom. 34, 

716–728. https://doi.org/10.1039/C8JA00397A 

Henry, W., 1803. III. Experiments on the quantitiy of gases absorbed by water at different 

temperatures, and under different pressures. Philos. Trans. R. Soc. 93, 29–42. 

https://doi.org/10.1098/rstl.1803.0004 



 

X 
 

Herbert, H.-J., Kasbohm, J., Sprenger, H., Fernández, A.M., Reichelt, C., 2008. Swelling 

pressures of MX-80 bentonite in solutions of different ionic strength. Phys. Chem. Earth 

33, S327–S342. https://doi.org/10.1016/j.pce.2008.10.005 

Herbert, H.-J., Moog, H.C., 2002. Untersuchungen zur Quellung von Bentoniten in 

hochsalinaren Lösungen. 

Höglund, S., Eliasson, L., Allard, B., Andersson, K., Torstenfelt, B., 1985. Sorption of some 

fission products and actinides in concrete systems. MRS Proc. 50, 683–690. 

https://doi.org/10.1557/PROC-50-683 

Holleman, A.F., Wiberg, E., Wiberg, N., 2007. Lehrbuch der Anorganischen Chemie, 102nd 

ed. Walter de Gruyter & Co., Berlin. 

Hoth, P., Wirth, H., Bräuer, V., Krull, P., Feldrappe, H., 2007. Endlagerung radioaktiver 

Abfälle in tiefen geologischen Formationen Deutschlands - Untersuchung und Bewertung 

von Tongesteinsformationen. 

Houk, R.S., 1986. Mass spectrometry of inductively coupled plasmas. Anal. Chem. 58, 97A-

105A. https://doi.org/10.1021/ac00292a003 

Houk, R.S., Fassel, V.A., Fiesch, G.D., Svec, H.J., Gray, A.L., Taylor, C.E., 1980. Inductively 

coupled argon plasma as an ion source for mass spectrometric determination of trace 

elements. Anal. Chem. 52, 2283–2289. https://doi.org/10.1021/ac50064a012 

Houk, R.S., Svec, H.J., Fassel, V.A., 1981. Mass spectrometric evidence for suprathermal 

ionization in an inductively coupled argon plasma. Appl. Spectrosc. 35, 380–384. 

https://doi.org/10.1366/0003702814732391 

Hunt, J., 2008. Celebrating 25 Years of Inductively Coupled Plasma-Mass Spectrometry 

https://www.americanlaboratory.com/913-Technical-Articles/764-Celebrating-25-Years-

of-Inductively-Coupled-Plasma-Mass-Spectrometry/ (accessed 05.07.19). 

International Atomic Energy Agency, 2019. Nuclear Power Reactors in the World. Ref. Data 

Ser. 2. 

International Atomic Energy Agency, 2015. The Fukushima Daiichi Accident. 

International Atomic Energy Agency, 2009. Classification of Radioactive Waste. 

International Atomic Energy Agency, 1999. Inventory of radioactive waste disposals at sea. 

International Atomic Energy Agency, 1994. Classification of Radioactive Waste - A Safety 

Guide. 

International Atomic Energy Agency, 1981. Underground Disposal of Radioactive Wastes - 

Basic Guidance. 

International Maritime Organization, 2006. 1996 Protocoll to the Convention on the Prevention 



 

XI 
 

of Marine Pollution by dumping of Wastes and other Matter 1972. 

Ishikawa, H., Amemiya, K., Yusa, Y., Sasaki, N., 1990. Comparison of fundamental properties 

of Japanese bentonites as buffer material for waste disposal. Sci. Geol. Mem. 107–115. 

Itoh, A., Ono, M., Suzuki, K., Yasuda, T., Nakano, K., Kaneshima, K., Inaba, K., 2018. 

Simultaneous determination of Cr, As, Se, and other trace metal elements in seawater by 

ICP-MS with hybrid simultaneous preconcentration combining iron hydroxide 

coprecipitation and solid phase extraction using chelating resin. Int. J. Analyrical Chem. 

9457095. https://doi.org/10.1155/2018/9457095 

Jahn, D., Korolczuk, S., 2012. German exceptionalism: the end of nuclear energy in Germany! 

Env. Polit. 21, 159–164. https://doi.org/10.1080/09644016.2011.643374 

Jahn, S., Sönnke, J., 2013. Endlagerstandortmodell Nord (AnSichT) - Teil II - 

Zusammenstellung von Gesteinseigenschaften für den Langzeitsicherheitsnachweis. 

Jobmann, M., Bebiolka, A., Burlaka, V., Herold, P., Jahn, S., Lommerzheim, A., Maßmann, J., 

Meleshyn, A., Mrugalla, S., Reinhold, K., Rübel, A., Stark, L., Ziefle, G., 2017. Safety 

assessment methodology for a German high-level waste repository in clay formations. J. 

Rock Mech. Geotech. Eng. 9, 856-876. https://doi.org/10.1016/j.jrmge.2017.05.007 

Johnson, L.H., Niemeyer, M., Klubertanz, G., Siegel, P., Gribi, P., 2002. Calculations of the 

temperature evolution of a repository for spent fuel, vitrified high-level waste and 

intermediate level waste in Opalinus Clay.  

Joseph, C., 2013. The ternary system U(VI) / humic acid / Opalinus Clay. TU Dresden. 

Joseph, C., Schmeide, K., Sachs, S., Brendler, V., Geipel, G., Bernhard, G., 2011. Sorption of 

uranium(VI) onto Opalinus Clay in the absence and presence of humic acid in Opalinus 

Clay pore water. Chem. Geol. 284, 240–250. 

https://doi.org/10.1016/j.chemgeo.2011.03.001 

Joshi, S.R., 1987. Early Canadian results on the long-range transport of chernobyl radioactivity. 

Sci. Total Environ. 63, 125–137. https://doi.org/10.1016/0048-9697(87)90041-6 

Kautenburger, R., 2014. A new timescale dimension for migration experiments in clay: proof 

of principle for the application of miniaturized clay column experiments (MCCE). J. 

Radioanal. Nucl. Chem. 300, 255-262. https://doi.org/ 10.1007/s10967-014-3017-1 

Kautenburger, R., Beck, H.P., 2010. Influence of geochemical parameters on the sorption and 

desorption behaviour of europium and gadolinium onto kaolinite. J. Environ. Monit. 12, 

1295–1301. https://doi.org/10.1039/B914861B 

Kautenburger, R., Beck, H.P., 2008. Waste disposal in clay formations: influence of humic acid 

on the migration of heavy-metal pollutants. ChemSusChem 2008, 1, 295-297. 



 

XII 
 

https://doi.org/10.1002/cssc.200800014 

Kazakov, V.S., Demidchik, E.P., Astakhova, L.N., 1992. Thyroid cancer after Chernobyl. 

Nature 359, 21. https://doi.org/10.1002/ijc.25448. 

King, F., Kolář, M., 2019. Lifetime predictions for nuclear waste disposal containers. 

CORROSION 75, 309–323. https://doi.org/10.5006/2994 

Klinge, H., Köthe, A., Ludwig, R.-R., Zwirner, R., 2002. Geologie und Hydrogeologie des 

Deckgebirges über dem Salzstock Gorleben. Zeitschrift für Angew. Geol. 2, 7–15. 

Kockel, F., Krull, P., 1995. Endlagerung stark wärmeentwickelnder radioaktiver Abfälle in 

tiefen geologischen Formationen Deutschlands - Untersuchung und Bewertung von 

Salzformationen. 

Kommission Lagerung hoch radioaktiver Abfallstoffe, 2016. Verantwortung für die Zukunft - 

Ein faires und transparentes Verfahren für die Auswahl eines nationalen 

Endlagerstandortes. 

Krauskopf, K.B., 1986. Thorium and rare-earth metals as analogs for actinide elements. Chem. 

Geol. 55, 323–335. https://doi.org/10.1016/0009-2541(86)90033-1 

Kubo, A., Tanabe, K., Suzuki, G., Ito, Y., Ishimaru, T., Kasamatsu-Takasawa, N., Tsumune, 

D., Mizuno, T., Watanabe, Y.W., Arakawa, H., Kanda, J., 2018. Radioactive cesium 

concentrations in coastal suspended matter after the Fukushima nuclear accident. Mar. 

Pollut. Bull. 131, 341–346. https://doi.org/10.1016/j.marpolbul.2018.04.042 

Kursten, B., Smailos, E., Azkarate, I., Werme, L., Smart, N.R., Santarini, G., 2004. 

COBECOMA - State-of-the-art document on the COrrosion BEhaviour of COntainer 

MAterials. 

Kutsen, S., Khrutchinsky, A., Minenko, V., Voillequé, P., Bouville, A., Drozdovitch, V., 2019. 

Influence of the external and internal radioactive contamination of the body and the clothes 

on the results of the thyroidal 131I measurements conducted in Belarus after the Chernobyl 

accident---Part 2: Monte Carlo simulation of response of detectors near. Radiat. Environ. 

Biophys. 58, 215–226. https://doi.org/10.1007/s00411-019-00785-2 

Langmuir, I., 1918. The adsorption of gases on plane surfaces of glass, mica and platinum. J. 

Am. Chem. Soc. 40, 1361–1403. https://doi.org/10.1021/ja02242a004 

Lee, S., Bi, X., Reed, R.B., Ranville, J.F., Herckes, P., Westerhoff, P., 2014. Nanoparticle size 

detection limits by single particle ICP-MS for 40 elements. Environ. Sci. Technol. 48, 

10291–10300. https://doi.org/10.1021/es502422v 

Lee, W.E., Ojovan, M.I., Stennett, M.C., Hyatt, N.C., 2006. Immobilisation of radioactive 

waste in glasses, glass composite materials and ceramics. Adv. Appl. Ceram. 105, 3–12. 



 

XIII 
 

https://doi.org/10.1179/174367606X81669 

Leggett, R.W., Williams, L.R., Melo, D.R., Lipsztein, J.L., 2003. A physiologically based 

biokinetic model for cesium in the human body. Sci. Total Environ. 317, 235–255. 

https://doi.org/10.1016/S0048-9697(03)00333-4 

Lesniewski, J.E., Zheng, K., Lecchi, P., Dain, D., Jorabchi, K., 2019. High-sensitivity elemental 

mass spectrometry of fluorine by ionization in plasma afterglow. Anal. Chem. 91, 3773–

3777. https://doi.org/10.1021/acs.analchem.8b05851 

Li, P., Kim, N.H., Siddaramaiah, Lee, J.H., 2009. Swelling behavior of polyacrylamide/laponite 

clay nanocomposite hydrogels: pH-sensitive property. Compos. Part B Eng. 40, 275–283. 

https://doi.org/10.1016/j.compositesb.2009.01.001 

Link, C., 2018. Suche nach Atomendlager - Auch Baden-Würtemberg ist im Fokus 

https://www.stuttgarter-nachrichten.de/inhalt.suche-nach-atomendlager-auch-baden-

wuerttemberg-ist-im-fokus.92bd473e-de69-4fbc-a36e-403c0a728657.html (accessed 

18.07.19). 

Lippold, H., Müller, N., Kupsch, H., 2005. Effect of humic acid on the pH-dependent adsorption 

of terbium (III) onto geological materials. Appl. Geochemistry 20, 1209-1217. 

https://doi.org/10.1016/j.apgeochem.2005.01.004 

Lips, M., 2005. Water chemistry in pressurized water reactors – A Gösgen-specific overview. 

Chim. Int. J. Chem. 59, 929–937. https://doi.org/10.2533/000942905777675372 

Liu, L.-N., Chen, Y.-G., Ye, W.-M., Cui, Y.-J., Wu, D.-B., 2018. Effects of hyperalkaline 

solutions on the swelling pressure of compacted Gaomiaozi (GMZ) bentonite from the 

viewpoint of Na+ cations and OH– anions. Appl. Clay Sci. 161, 334–342. 

https://doi.org/10.1016/j.clay.2018.04.023 

Lobo, L., Pereiro, R., Fernández, B., 2018. Opportunities and challenges of isotopic analysis 

by laser ablation ICP-MS in biological studies. TrAC Trends Anal. Chem. 105, 380–390. 

https://doi.org/10.1016/j.trac.2018.05.020 

Löhr, K., Borovinskaya, O., Tourniaire, G., Panne, U., Jakubowski, N., 2019. Arraying of single 

cells for quantitative high throughput laser ablation ICP-TOF-MS. Anal. Chem. in press. 

https://doi.org/10.1021/acs.analchem.9b00198 

Lommerzheim, A., Jobmann, M., 2015. Endlagerkonzept sowie Verfüll- und 

Verschlusskonzept für das Endlagerstandortmodell NORD. 

Ma, Z., Gamage, R.P., Rathnaweera, T., Kong, L., 2019. Review of application of molecular 

dynamic simulations in geological high-level radioactive waste disposal. Appl. Clay Sci. 

168, 436–449. https://doi.org/10.1016/j.clay.2018.11.018 



 

XIV 
 

Madsen, F.T., 1998. Clay mineralogical investigations related to nuclear waste disposal. Clay 

Miner. 33, 109–129. https://doi.org/10.1180/000985598545318 

Marksberry, D., Gonzalez, F., Hamburger, K., 2016. Three Mile Island Accident of 1979 - 

Knowledge - Management Digest - Overview. 

Martens-Menzel, R., 2011. Physikalische Chemie in der Analytik, 2nd ed. Vieweg+Teubner, 

Wiesbaden. 

Marty, N.C.M., Fritz, B., Clément, A., Michau, N., 2010. Modelling the long term alteration of 

the engineered bentonite barrier in an underground radioactive waste repository. Appl. 

Clay Sci. 47, 82–90. https://doi.org/10.1016/j.clay.2008.10.002 

Massat, L., Cuisinier, O., Bihannic, I., Claret, F., Pelletier, M., Masrouri, F., Gaboreau, S., 2016. 

Swelling pressure development and inter-aggregate porosity evolution upon hydration of 

a compacted swelling clay. Appl. Clay Sci. 124–125, 197–210. 

https://doi.org/10.1016/j.clay.2016.01.002 

Medved’, I., Černý, R., 2019. Modeling of radionuclide transport in porous media: a review of 

recent studies. J. Nucl. Mater. 526, 151765. 

https://doi.org/10.1016/j.jnucmat.2019.151765 

Meitner, L., Frisch, O.R., 1939a. Products of the fission of the uranium nucleus. Nature 143, 

471–472. https://doi.org/10.1038/143471a0 

Meitner, L., Frisch, O.R., 1939b. Disintegration of uranium by neutrons: a new type of nuclear 

reaction. Nature 143, 239–240. https://doi.org/10.1038/143239a0 

Melnikov, P., Zanoni, L.Z., 2010. Clinical effects of cesium intake. Biol. Trace Elem. Res. 135, 

1–9. https://doi.org/10.1007/s12011-009-8486-7 

Meyer, S., López-Serrano, A., Mitze, H., Jakubowski, N., Schwerdtle, T., 2018. Single-cell 

analysis by ICP-MS/MS as a fast tool for cellular bioavailability studies of arsenite. 

Metallomics 10, 73–76. https://doi.org/10.1039/C7MT00285H 

Miller, B., Marcos, N., 2007. Process Report - FEPs and Scenarios for a Spent Fuel Repository 

at Olkiluoto. 

Missana, T., Benedicto, A., García-Gutiérrez, M., Alonso, U., 2014a. Modeling cesium 

retention onto Na-, K- and Ca-smectite: effects of ionic strength, exchange and competing 

cations on the determination of selectivity coefficients. Geochim. Cosmochim. Acta 128, 

266–277. https://doi.org/10.1016/j.gca.2013.10.007 

Missana, T., García-Gutiérrez, M., Benedicto, A., Ayora, C., De-Pourcq, K., 2014b. Modelling 

of Cs sorption in natural mixed-clays and the effects of ion competition. Appl. 

Geochemistry 49, 95–102. https://doi.org/10.1016/j.apgeochem.2014.06.011 



 

XV 
 

Missana, T., García-Gutiérrez, M., Mingarro, M., Alonso, U., 2019. Selenite retention and 

cation coadsorption effects under alkaline conditions generated by cementitious materials: 

the case of C–S–H phases. ACS Omega 4, 13418–13425. 

https://doi.org/10.1021/acsomega.9b01637 

Missana, T., Garcı́a-Gutiérrez, M., Alonso, Ú., 2004. Kinetics and irreversibility of cesium and 

uranium sorption onto bentonite colloids in a deep granitic environment. Appl. Clay Sci. 

26, 137–150. https://doi.org/10.1016/j.clay.2003.09.008 

Mitrano, D.M., Barber, A., Bednar, A., Westerhoff, P., Higgins, C.P., Ranville, J.F., 2012. 

Silver nanoparticle characterization using single particle ICP-MS (SP-ICP-MS) and 

asymmetrical flow field flow fractionation ICP-MS (AF4-ICP-MS). J. Anal. At. Spectrom. 

27, 1131–1142. https://doi.org/10.1039/C2JA30021D 

Molero, J., Sanchez-Cabeza, J.A., Merino, J., Mitchell, P.I., Vidal-Quadras, A., 1999. Impact 

of 134Cs and 137Cs from the Chernobyl reactor accident on the Spanish Mediterranean 

marine environment. J. Environ. Radioact. 43, 357–370. https://doi.org/10.1016/S0265-

931X(98)00067-8 

Monfared, M., Sulem, J., Delage, P., Mohajerani, M., 2011. A laboratory investigation on 

thermal properties of the Opalinus Claystone. Rock Mech. Rock Eng. 44, 735–747. 

https://doi.org/10.1007/s00603-011-0171-4 

Montes-H, G., Marty, N., Fritz, B., Clement, A., Michau, N., 2005. Modelling of long-term 

diffusion–reaction in a bentonite barrier for radioactive waste confinement. Appl. Clay 

Sci. 30, 181–198. https://doi.org/10.1016/j.clay.2005.07.006 

Mueller, L., Traub, H., Jakubowski, N., Drescher, D., Baranov, V.I., Kneipp, J., 2014. Trends 

in single-cell analysis by use of ICP-MS. Anal. Bioanal. Chem. 406, 6963–6977. 

https://doi.org/10.1007/s00216-014-8143-7 

Müller-Vonmoss, M., Kahr, G., 1983. Mineralogische Untersuchungen von Wyoming Bentonit 

MX-80 und Montigel. 

Mutterlose, J., Bornemann, A., 2000. Distribution and facies patterns of Lower Cretaceous 

sediments in northern Germany: a review. Cretac. Res. 21, 733–759. 

https://doi.org/10.1006/cres.2000.0232 

Nagatani, K., Kiribayashi, S., Okada, Y., Otake, K., Yoshida, K., Tadokoro, S., Nishimura, T., 

Yoshida, T., Koyanagi, E., Fukushima, M., Kawatsuma, S., 2013. Emergency response to 

the nuclear accident at the Fukushima Daiichi nuclear power plants using mobile rescue 

robots. J. F. Robot. 30, 44–63. https://doi.org/10.1002/rob.21439 

Nagra, 2002. Projekt Opalinuston - Synthese der geowissenschaftlichen 



 

XVI 
 

Untersuchungsergebnisse, Entsorgungsnachweis für abgebrannte Brennelemente, 

verglaste hochaktive sowie langlebige mittelaktive Abfälle. 

Neles, J., Mohr, S., Schmidt, G., 2008. Endlagerung von wärmeentwickelnden radioaktiven 

Abfällen in Deutschland - Anhang Abfälle. 

Nichoison, K.W., Hedgecock, J.B., 1991. Behaviour of radioactivity from Chernobyl—

weathering from buildings. J. Environ. Radioact. 14, 225–231. 

https://doi.org/10.1016/0265-931X(91)90030-J 

Nohrstedt, D., 2008. The politics of crisis policymaking: Chernobyl and Swedish nuclear 

energy policy. Policy Stud. J. 36, 257–278. https://doi.org/10.1111/j.1541-

0072.2008.00265.x 

Nordyke, R.A., Gilbert, Fred I., J., Harada, A.S.M., 1988. Graves’ Disease: influence of age on 

clinical findings. JAMA Intern. Med. 148, 626–631. 

https://doi.org/10.1001/archinte.1988.00380030132023 

Novo, D.L.R., Mello, J.E., Rondan, F.S., Henn, A.S., Mello, P.A., Mesko, M.F., 2019. Bromine 

and iodine determination in human saliva: challenges in the development of an accurate 

method. Talanta 191, 415–421. https://doi.org/10.1016/j.talanta.2018.08.081 

Nuclear Energy Agency, 2016. Radioactive Waste Management Programmes in OECD/NEA 

Member Countries - Germany. 

Nuclear Energy Agency, 2005. Radioactive Waste Management Programmes in OECD/NEA 

Member Countries - Germany. 

Nuclear Energy Agency, 2002. Chernobyl: Assessment of radiological and health impacts - 

2002 Update of Chernobyl: Ten Years On. https://doi.org/10.1787/9789264184879-en 

Parkhurst, D.L., Appelo, C.A.J., 2013. Description of input examples for PHREEQC Version 

3 -A computer program for speciation, batch-reaction, one-dimensional transport and 

inverse geochemical calculations. U.S. Geological Survey Techniques and Methods, 

Denver. 

Pavlakis, N., Pollock, C.A., McLean, G., Bartrop, R., 1996. Deliberate overdose of uranium: 

toxicity and treatment. Nephron 72, 313–317. https://doi.org/10.1159/000188862 

Peña, J., Torres, E., Turrero, M.J., Escribano, A., Martín, P.L., 2008. Kinetic modelling of the 

attenuation of carbon steel canister corrosion due to diffusive transport through corrosion 

product layers. Corros. Sci. 50, 2197–2204. https://doi.org/10.1016/j.corsci.2008.06.004 

Petros’yants, A.M., 1964. A decade of nuclear power engineering. At. Energy 16, 596–600. 

https://doi.org/10.1007/BF01115662 

Plancque, G., Moulin, V., Toulhoat, P., Moulin, C., 2003. Europium speciation by time-



 

XVII 
 

resolved laser-induced fluorescence. Anal. Chim. Acta 478, 11–22. 

https://doi.org/10.1016/S0003-2670(02)01486-1 

Poinssot, C., Baeyens, B., Bradbury, M.H., 1999. Experimental and modelling studies of 

caesium sorption on illite. Geochim. Cosmochim. Acta 63, 3217–3227. 

https://doi.org/10.1016/S0016-7037(99)00246-X 

Qiao, J., Xu, Y., 2018. Direct measurement of uranium in seawater by inductively coupled 

plasma mass spectrometry. Talanta 183, 18–23. 

https://doi.org/10.1016/j.talanta.2018.02.045 

Radhakrishna, H.S., Chan, H.T., Crawford, A.M., Lau, K.C., 1989. Thermal and physical 

properties of candidate buffer-backfill materials for a nuclear fuel waste disposal vault. 

Can. Geotech. J. 26, 629–639. https://doi.org/10.1139/t89-076 

Rasheed, Z.S., Mohammed, R.S., Salim, S.R., Hassan, A.S., 2019. Compared effect exposure 

of radiation to the compounds blood. Res. J. Pharm. Technol. 12, 545–548. 

https://doi.org/10.5958/0974-360x.2019.00096.9 

Reed, B.C., 2014. The History and Science of the Manhattan Project, 1st ed. Springer, 

Heidelberg, New York, Dordrecht, London. 

Reid, H.J., Bashammakh, A.A., Goodall, P.S., Landon, M.R., O’Connor, C., Sharp, B.L., 2008. 

Determination of iodine and molybdenum in milk by quadrupole ICP-MS. Talanta 75, 

189–197. https://doi.org/10.1016/j.talanta.2007.10.051 

Reinhold, K., Jahn, S., Kühnlenz, T., Ptock, L., Sönnke, J., 2013. Endlagerstandortmodell Nord 

(AnSichT) - Teil I: Beschreibung des geologischen Endlagerstandortmodells. 

Reponen, A., Jantunen, M., Paatero, J., Jaakkola, T., 1993. Plutonium fallout in Southern 

Finland after the chernobyl accident. J. Environ. Radioact. 21, 119–130. 

https://doi.org/10.1016/0265-931X(93)90049-D 

Rogovin, M., Frampton Jr., G.T., 1980. Three Mile Island: a report to the commissioners and 

to the public. Volume I. https://doi.org/10.2172/5395798 

Röhlig, K.-J., Geckeis, H., Mengel, K., 2012. Endlagerung radioaktiver Abfälle. Chemie 

unserer Zeit 46, 140–149. https://doi.org/10.1002/ciuz.201200578 

Rønnov-Jessen, V., Kirkegaard, C., 1973. Hyperthyroidism - a disease of old age? Br. Med. J. 

1, 41–43. https://doi.org/10.1136/bmj.1.5844.41 

Salvatores, M., 2005. Nuclear fuel cycle strategies including partitioning and transmutation. 

Nucl. Eng. Des. 235, 805–816. https://doi.org/10.1016/j.nucengdes.2004.10.009 

Sander, J.M., 2017. Entwicklung von Methoden zur Untersuchung der Metallmobilität in Ton 

und salinaren Systemen. Saarland University. 



 

XVIII 
 

Santoiemma, G., 2018. Recent methodologies for studying the soil organic matter. Appl. Soil 

Ecol. 123, 546–550. https://doi.org/10.1016/j.apsoil.2017.09.011 

Scatchard, G., 1936. Concentrated solutions of strong electrolytes. Chem. Rev. 19, 309–327. 

https://doi.org/10.1021/cr60064a008 

Schmeide, K., Bernhard, G., 2010. Sorption of Np(V) and Np(IV) onto kaolinite: effects of pH, 

ionic strength, carbonate and humic acid. Appl. Geochemistry 25, 1238-1247. 

https://doi.org/10.1016/j.apgeochem.2010.05.008 

Seveque, J.L., de Cayeux, M.D., Elert, M., Nouguier, H., 1992. Mathematical modelling of 

radioactive waste leaching. Cem. Concr. Res. 22, 477–488. https://doi.org/10.1016/0008-

8846(92)90091-9 

Shoesmith, D.W., 2006. Assessing the corrosion performance of high-level nuclear waste 

containers. CORROSION 62, 703–722. https://doi.org/10.5006/1.3278296 

Sinev, N.M., Baturov, B.B., Shmelev, V.M., 1964. Pathways of nuclear power development in 

the USSR. Sov. At. Energy 17, 973–981. https://doi.org/10.1007/BF01116283 

Soler, J.M., Steefel, C.I., Gimmi, T., Leupin, O.X., Cloet, V., 2019. Modeling the ionic strength 

effect on diffusion in clay. The DR-A experiment at Mont Terri. ACS Earth Sp. Chem. 3, 

442–451. https://doi.org/10.1021/acsearthspacechem.8b00192 

Standortauswahlgesetz, 2013. Gesetz zur Suche und Auswahl eines Standortes für ein Endlager 

für Wärme entwickelnde radioaktive Abfälle und zur Änderung anderer Gesetze 

(Standortauswahlgesetz - StandAG), Bundesgesetz, Federal Republic of Germany. 

Staunton, S., Roubaud, M., 1997. Adsorption of 137Cs on montmorillonite and illite: effect of 

charge compensating cation, ionic strength, concentration of Cs, K and fulvic acid. Clays 

Clay Miner. 45, 251–260. https://doi.org/10.1346/CCMN.1997.0450213 

Stewart, B.D., Mayes, M.A., Fendorf, S., 2010. Impact of uranyl-calcium-carbonato complexes 

on uranium( VI ) adsorption to synthetic and natural sediments. Environ. Sci. Technol. 44, 

928–934. https://doi.org/10.1021/es902194x 

Swan, E., Urquhart, A.R., 1926. Adsorption equations. J. Phys. Chem. 31, 251–276. 

https://doi.org/10.1021/j150272a008 

Taylor, D.M., 1989. The biodistribution and toxicity of plutonium, americium and neptunium. 

Sci. Total Environ. 83, 217–225. https://doi.org/10.1016/0048-9697(89)90094-6 

Thomas, R., 2002a. A beginner’s guide to ICP-MS Part IX: Mass analyzers: collision/reaction 

cell technology. Spectroscopy 17, 42–49. 

Thomas, R., 2002b. A beginner’s guide to ICP-MS Part X: Detectors. Spectroscopy 17, 34–39. 

Thomas, R., 2001a. A beginner’s guide to ICP-MS Part I. Spectroscopy 16, 38–42. 



 

XIX 
 

Thomas, R., 2001b. A beginner’s guide to ICP-MS Part II: The Sample-Introduction System. 

Spectroscopy 16, 56–61. 

Thomas, R., 2001c. A beginner’s guide to ICP-MS Part III: The Plasma Source. Spectroscopy 

16, 26–30. 

Thomas, R., 2001d. A beginner’s guide to ICP-MS Part IV: The interface region. Spectroscopy 

16, 26–34. 

Thomas, R., 2001e. A beginner’s guide to ICP-MS Part V: The Ion Focusing System. 

Spectroscopy 16, 38–44. 

Thomas, R., 2001f. A beginner’s guide to ICP-MS Part VI: The Mass Analyzer. Spectroscopy 

16, 44–48. 

Thury, M., 2002. The characteristics of the Opalinus Clay investigated in the Mont Terri 

underground rock laboratory in Switzerland. Comptes Rendus Phys. 3, 923–933. 

https://doi.org/10.1016/S1631-0705(02)01372-5 

Thury, M., Bossart, P., 1999. The Mont Terri rock laboratory, a new international research 

project in a Mesozoic shale formation, in Switzerland. Eng. Geol. 52, 347–359. 

https://doi.org/10.1016/S0013-7952(99)00015-0 

Tiruneh, A.T., Debessai, T.Y., Bwembya, G.C., Nkambule, S.J., 2018. Combined clay 

adsorption-coagulation process for the removal of some heavy metals from water and 

wastewater. Am. J. Environ. Eng. 8, 25–35. https://doi.org/10.5923/j.ajee.20180802.02 

Tournassat, C., Bourg, I.C., Steefel, C.I., Bergaya, Faïza, 2015. Chapter 1 - Surface Properties 

of Clay Minerals, in: Tournassat, C., Steefel, C.I., Bourg, I.C., Bergaya, Faȹza (Eds.), 

Natural and Engineered Clay Barriers, Developments in Clay Science. Elsevier, pp. 5–31. 

https://doi.org/10.1016/B978-0-08-100027-4.00001-2 

Tournassat, C., Tinnacher, R.M., Grangeon, S., Davis, J.A., 2018. Modeling uranium(VI) 

adsorption onto montmorillonite under varying carbonate concentrations: a surface 

complexation model accounting for the spillover effect on surface potential. Geochim. 

Cosmochim. Acta 220, 291–308. https://doi.org/10.1016/j.gca.2017.09.049 

Turner, H.C., Lee, Y., Weber, W., Melo, D., Kowell, A., Ghandhi, S.A., Amundson, S.A., 

Brenner, D.J., Shuryak, I., 2019. Effect of dose and dose rate on temporal gamma-H2AX 

kinetics in mouse blood and spleen mononuclear cells in vivo following cesium-137 

administration. BMC Mol. Cell Biol. 20, 1–13. https://doi.org/10.1186/s12860-019-0195-

2 

Unuabonah, E.I., Adebowale, K.O., Olu-Owolabi, B.I., 2007. Kinetic and thermodynamic 

studies of the adsorption of lead (II) ions onto phosphate-modified kaolinite clay. J. 



 

XX 
 

Hazard. Mater. 144, 386–395. https://doi.org/10.1016/j.jhazmat.2006.10.046 

Van Loon, L.R., Baeyens, B., Bradbury, M.H., 2005. Diffusion and retention of sodium and 

strontium in Opalinus clay: comparison of sorption data from diffusion and batch sorption 

measurements, and geochemical calculations. Appl. Geochemistry 20, 2351–2363. 

https://doi.org/10.1016/j.apgeochem.2005.08.008 

Van Loon, L.R., Soler, J.M., Bradbury, M.H., 2003. Diffusion of HTO, 36Cl− and 125I− in 

Opalinus Clay samples from Mont Terri: effect of confining pressure. J. Contam. Hydrol. 

61, 73–83. https://doi.org/10.1016/S0169-7722(02)00114-6 

Van Loon, L.R., Wersin, P., Soler, J.M., Eikenberg, J., Gimmi, T., Hernán, P., Dewonck, S., 

Savoye, S., 2004. In-situ diffusion of HTO, 22Na+, Cs+ and I- in Opalinus Clay at the Mont 

Terri underground rock laboratory. Radiochim. Acta 92, 757–763. 

https://doi.org/10.1524/ract.92.9.757.54988 

Vanhoe, H., Van Allemeersch, F., Versieck, J., Dams, R., 1993. Effect of solvent type on the 

determination of total iodine in milk powder and human serum by inductively coupled 

plasma mass spectrometry. Analyst 118, 1015–1019. 

https://doi.org/10.1039/AN9931801015 

Wada, T., Nemoto, Y., Shimamura, S., Fujita, T., Mizuno, T., Sohtome, T., Kamiyama, K., 

Morita, T., Igarashi, S., 2013. Effects of the nuclear disaster on marine products in 

Fukushima. J. Environ. Radioact. 124, 246–254. 

https://doi.org/10.1016/j.jenvrad.2013.05.008 

Wallenius, J., 2019. Maximum efficiency nuclear waste transmutation. Ann. Nucl. Energy 125, 

74–79. https://doi.org/10.1016/j.anucene.2018.10.034 

Weißenburger, U., 1996. The nuclear threat to the environment in Russia. Econ. Bull. 33, 17–

28. https://doi.org/10.1007/BF02233765 

Wersin, P., Van Loon, L.R., Soler, J.M., Yllera, A., Eikenberg, J., Gimmi, T., Hernán, P., 

Boisson, J.-Y., 2004. Long-term diffusion experiment at Mont Terri: first results from field 

and laboratory data. Appl. Clay Sci. 26, 123–135. 

https://doi.org/10.1016/j.clay.2003.09.007 

Williams, D., 2002. Cancer after nuclear fallout: lessons from the Chernobyl accident. Nat. 

Rev. Cancer 2, 543–549. https://doi.org/10.1038/nrc845 

Wolery, T.J., 1992. EQ3/6, a software package for geochemical modeling of aqueous systems: 

Package overview and installation guide (Version 7.0). Lawrence Livermore National 

Laboratory, Livermore. 

Wolery, T.J., Jackson, K.J., Bourcier, W.L., Bruton, C.J., Viani, B.. E., Knauss, K.G., Delany, 



 

XXI 
 

J.M., 1988. The EQ3/6 software package for geochemical modeling: Current status, in: 

American Chemical Society (ACS) National Meeting. Los Angeles. 

Yamagata, N., 1962. The concentration of common cesium and rubidium in human body. J. 

Radiat. Res. 3, 9–30. https://doi.org/10.1269/jrr.3.9 

Ye, W.-M., Chen, Y.-G., Chen, B., Wang, Q., Wang, J., 2010. Advances on the knowledge of 

the buffer/backfill properties of heavily-compacted GMZ bentonite. Eng. Geol. 116, 12–

20. https://doi.org/10.1016/j.enggeo.2010.06.002 

Zhang, C.L., Wieczorek, K., Xie, M.L., 2010. Swelling experiments on mudstones. J. Rock 

Mech. Geotech. Eng. 2, 44–51. https://doi.org/10.3724/SP.J.1235.2010.00044 

Zhang, Q., Zheng, M., Huang, Y., Kunte, H.J., Wang, X., Liu, Y., Zheng, C., 2019. Long term 

corrosion estimation of carbon steel, titanium and its alloy in backfill material of 

compacted bentonite for nuclear waste repository. Sci. Rep. 9, 3195. 

https://doi.org/10.1038/s41598-019-39751-9 

Zheng, L., Rutqvist, J., Xu, H., Birkholzer, J.T., 2017. Coupled THMC models for bentonite in 

an argillite repository for nuclear waste: illitization and its effect on swelling stress under 

high temperature. Eng. Geol. 230, 118–129. https://doi.org/10.1016/j.enggeo.2017.10.002 
 


